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1. Introduction 

Silicon (Si) is one of the most abundant elements (28.8%) in Earth’s crust, second only to oxygen 

(Wedepohl, 1995). It is present in variable amounts as Si in soils - 5 – 470 mg g-1 (Mckeague & Cline, 

1963) - aquatic sediments - 0.5 – 800 mg g-1
DW (DW = dry matter) (Carter & Colman, 1994; Struyf 

et al., 2007; Carey & Fulweiler, 2013a; Zhu et al., 2016) - and in the water column of lakes and rivers 

- 0.01 – 5.9 mg L-1 (Schelske et al., 2006; Dürr et al., 2011; Viaroli et al., 2013) - depending on hydro-

geological and biological conditions and anthropogenic pressures. Si is an essential element for the 

growth of many primary producers like terrestrial Poaceans and aquatic siliceous algae, especially 

diatoms, a key component of phytoplankton and phytobenthos communities (Redfield et al., 1963; 

Egge & Aksnes, 1992; Schlesinger, 1997). Silicon is also widely used by humans. The anthropogenic 

component of the Si cycle mainly derives from diatomite mined in lacustrine deposits, or from the 

production of zeolites and soluble silicates (Breese, 1994; Van Dokkum et al., 2004). Silicon is one 

of the main components of glass, electronic devices and the most modern solar panels and its 

compounds can be used in industries for pulp and paper production, water and wastewater treatment, 

soil stabilization, pharmaceuticals and household products (e.g. zeolites in detergents) and in 

agriculture as a fertilizer (Sferratore et al., 2006; Dürr et al., 2011; Carey & Fulweiler, 2016). The Si 

cycle is also closely connected to the carbon cycle as mineral weathering of silicates is an important 

sink for atmospheric CO2 (Street-Perrott & Barker, 2008). 

Despite the importance of Si, its biogeochemistry in aquatic environments is still poorly 

understood compared to the amount of knowledge acquired on nitrogen (N) and phosphorus (P). In 

particular, the interaction between the biological, geological and chemical Si cycles has not received 

sufficient scientific attention (Struyf et al., 2009; Schoelynck & Struyf, 2016). Recent studies have 

shown that the knowledge about the biological control of the Si cycle is particularly scarce 

(Schoelynck et al., 2010; Schaller et al., 2016), limiting the capacity to explain the mechanisms 

regulating aquatic food webs structure and functioning (Struyf & Conley, 2012; Frings et al., 2014). 

The low consideration given to the Si cycle so far, compared to N and P, is probably a consequence 

of the high abundance of Si in nature and to the role played by N and P as limiting elements in the 

development of the eutrophication process in inland and coastal aquatic ecosystems. 

 

1.1. Nutrient Limitation and Stoichiometry in Freshwater Ecosystems 

Silicon is commonly available in high amount in freshwaters as dissolved silica (DSi, Schoelynck 

et al., 2010), therefore it is assumed not to be limiting the primary productivity. By contrast, 

eutrophication of aquatic ecosystems is commonly ascribed to the increase of P and N concentrations 
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(Bennett et al., 2001; Galloway et al., 2003). The N enrichment can trigger blooms of nitrophilous 

macroalgae while the P excess can stimulate the overgrowth of harmful algae. Recently, the 

availability of Si has also been taken in account as an essential nutrient for diatoms and as a beneficial 

element for aquatic macrophytes (Humborg et al., 1997; Serediak et al., 2014; Schoelynck & Struyf, 

2016). The availability of DSi, both absolute and/or in relation to the other nutrients, influences how 

algal communities and the trophic structure of aquatic ecosystems respond to N and P loadings. 

Therefore Si is also a key player regulating the response of aquatic environments to altered nutrient 

loads (Schelske & Stoermer, 1971; Hecky & Kilham, 1988; Conley et al., 1993; Turner et al., 1998). 

Today it is acknowledged that a controlling mechanism in the evolution of the eutrophication 

process in fresh and marine ecosystems is the unbalance in the availability of N and P compared to 

Si (Billen & Garnier, 2007). The current paradigm is that a balanced phytoplankton growth in marine 

and freshwaters can occur, respectively, at the molar ratio C:N:Si:P=106:16:16:1 (Redfield et al., 

1963) and at C:N:Si:P=106:16:40:1 (Dupas et al., 2015). In general, under high N and P 

concentrations an increased Si load stimulates primary production, especially the growth of diatoms 

until DSi is depleted. Conversely, the DSi depletion limits diatom production, thus favoring non-

siliceous taxa, which may become dominant. Among these taxa, dinoflagellates, coccolithophores 

and cyanobacteria can prevail with extended blooms. In turn, these blooms can trigger cascading 

effects through the food web, which cause species loss, harmful algal growth, organic matter 

accumulation and water deoxygenation (Officer & Ryther, 1980; Struyf et al., 2009; Carey & 

Fulweiler, 2013b). Despite the emerging awareness about the role of the Si, N, P “nutrient cocktail” 

in regulating the structure and functioning of aquatic ecosystems, little attention has been paid to the 

analysis of how these elements are processed together (Duarte et al., 2009; Howarth et al., 2011; 

Glibert, 2017; Maranger et al., 2018). 

 

1.2. Silica Biogeochemical Cycle, the Importance of Hydrology and “Bio” Component 

Si is characterized by a sedimentary biogeochemical cycle. Rivers deliver 80% of Si reaching the 

costal zones, acting as the main link between terrestrial and coastal ecosystems (Sommer et al., 2006; 

Tréguer & De La Rocha, 2013). Silicon transport to aquatic ecosystems has been considered for long 

time a geochemical process, mainly regulated by chemical weathering of silicate minerals and 

hydrology (White & Blum, 1995). More recently the Si cycle has been described as composed of 

continental and oceanic sub-cycles, which are connected through the hydrographic network and 

various reservoirs, in which biological controlling mechanisms have been identified (Frings et al., 

2014). 
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Both terrestrial and aquatic plants are able to take up and store a considerable amount of Si in 

their tissues (Struyf & Conley, 2009; Frings et al., 2014; Schoelynck & Struyf, 2016). The presence 

of Si in primary producers covers different functions: it is an essential element for building up 

frustules by diatoms; it is useful for increasing resistance against wind in terrestrial plants and water 

drag-flow in macrophytes; it is also able to prevent the assimilation of toxic elements (as Cd2+) and 

to protect against herbivory (Cooke et al., 2016; Schoelynck & Struyf, 2016; Coskun et al., 2019). In 

submerged species, Si is taken up as dissolved silicate (DSi = ortho-silicic acid) by roots from pore-

water or by shoot from the water column (Broadley et al., 2012). Once transported to stems and 

leaves, Si is deposited as amorphous silica gel (called also biogenic silica: BSi, SiO2·nH2O) in cell 

walls and phytoliths. BSi deposits can be both intra and extracellular (Sangster, 1970), and the 

amorphous form can be found in plant cell walls, cell lumens and intracellular spaces. For these 

reasons, tissues of several aquatic and terrestrial plants may contain up to 10% BSi (Epstein, 1994). 

Moreover, in 2015 the International Plant Institute (IPNI) recognized Si as a beneficial element for 

plants (Coskun et al., 2019). Annual fixation of BSi by vegetation ranges between                                      

60 – 200 Tmol yr-1, the same magnitude of Si fixed by the oceanic biogeochemical cycle                          

(240 Tmol yr-1), which is equivalent to 10 – 40% of the DSi export from rivers (Conley, 2002). 

Therefore, the interaction of primary producers with the Si cycle regulates the DSi load to rivers and 

to the coastal zone and is a potentially large filter between primary mobilization of DSi from 

weathering and export to the oceans (Cornelis et al., 2011). A global estimation suggest that 30 – 90% 

of all DSi fluxes originating in terrestrial systems are linked to accumulation and recycling of BSi 

pools which are several orders of magnitude more susceptible to dissolution than mineral silicates 

(Van Cappellen, 2003; Struyf & Conley, 2012). DSi can be recycled by vegetation or released and 

transported, as BSi, by soil erosion and runoff to aquatic ecosystems (Sferratore et al., 2006; Billen 

& Garnier, 2007; Street-Perrott & Barker, 2008; Struyf et al., 2009; Struyf & Conley, 2012; Viaroli 

et al., 2013). 

Within the hydrographic network, the DSi loading can be modulated by biologically mediated 

processes through the synthesis and dissolution of BSi, by interactions with the geosphere and, finally, 

by hydrology and land use (Struyf & Conley, 2012; Vandevenne et al., 2012). The hydrographic 

network comprises of a number of cascading subsystems acting as filters and reactors, which strongly 

regulate Si transport (Meybeck & Vörösmarty, 2005; Dürr et al., 2011). These subsystems include 

rivers and lentic waters, especially wetlands and lakes, which may have a major effect on Si fluxes 

(Harrison et al., 2009; Struyf & Conley, 2009; Bouwman et al., 2013; Verburg et al., 2013; Frings et 

al., 2014). In these systems, the use of silica by primary producers and the accumulation of BSi can 

act as a sink that regulates Si fluxes (Frings et al., 2014). The role played by primary producers in the 
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control of Si fluxes has been studied in different environments - like forests, wetlands and grasslands 

- but information about the role of vegetation in aquatic environments is still scarce (Sommer et al., 

2006; Struyf & Conley, 2009; Struyf et al., 2010). 

Finally, multiple pressures and impacts due to global change and local human activities are 

increasingly threatening aquatic ecosystems potentially interfering with nutrient biogeochemistry 

(Bouwman et al., 2013; Carey & Fulweiler, 2014; Datry et al., 2017b; Maranger et al., 2018). 

Hydrology in particular is expected to meet deep modifications. Beside changes in precipitation 

patterns, most water bodies are exploited as water sources to be used for human and animal 

consumption, irrigation and industrial activities leading to wide fluctuations in river flows and water 

levels in lakes (Bates et al., 2008; Skoulikidis & Amaxidis, 2009; Grill et al., 2019). The increase in 

water demand following human needs and societal development is often met with water diversion, 

construction of large dams, new reservoirs and artificial channels, and with the management of water 

levels in natural lakes (Grill et al., 2019). All these pressures are causing alterations and even 

interruption of water flow, with huge impacts on the nutrient supply to downstream waters (Maavara 

et al., 2015). Reservoirs are increasing noticeably (Lehner et al., 2011) and about 60% of the large 

river systems are affected by flow regulation for the purpose of exploiting water resources (Nilsson 

et al., 2005). In addition to the filter capacity of natural lakes, human damming causes an increase of 

sediment and nutrient retention in parallel with a decrease of water discharge. 

 

1.3. Research Aims 

The aim of this PhD research was to improve the knowledge of the Si cycle in aquatic 

environments and to analyze factors that regulate Si availability in a contest of climate change and 

increasing anthropogenic pressures. Despite its importance, Si is understudied compared to N and P 

in freshwater. At the same time, the knowledge of factors regulating Si biogeochemistry requires a 

comparison with the dynamics of other nutrients, as the ecosystem functioning depends on multiple 

element processes and stoichiometry. The overarching question of this research is how processes in 

the hydrographic network interact with the transport - in terms of quantity, availability and 

mobilization - of Si, N and P. The role of ecosystems as filters in continental Si transport, the role of 

hydrological alterations, the relative magnitude of the biologically controlled Si cycle compared to 

basic weathering have been identified as a focus for future research efforts (Struyf & Conley, 2012). 

Within this contest, three main research themes have been selected. 
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a) Estimation of Si loads and fate in a subalpine meromictic lake in relation to N and P. 

Lakes and reservoirs are biogeochemical reactors able to regulate the dissolved nutrient 

inputs, converting them in biomass or transforming them in not reactive chemical species 

(Ittekkot et al., 2000; Harrison et al., 2009; Verburg et al., 2013; Frings et al., 2014). These 

processes can greatly differ among elements according to the physico-chemical properties 

influencing their fate. The occurrence and persistence of thermal stratification and mixing 

control the in-lake biogeochemical processes and the nutrient retention (Seitzinger et al., 

2006; Verburg et al., 2013; Nizzoli et al., 2018) which is expected to increase in meromictic 

lakes, where water overturn is missing or very infrequent. In this context of persistent water 

stratification, the Si retention within the water body could change affecting Si delivery and 

nutrients relative abundances along the hydrographic network. This is an important research 

theme because deep temperate lakes are undergoing less frequent water turnover, shifting 

toward holo-oligomictic conditions, with the possible onset of meromixis due to an increment 

in solutes reaching lentic waters and by the rising atmospheric temperature that cause lake 

warming, especially surface waters, thus strengthening thermal stratification (Salmaso et al., 

2014; Jeppesen et al., 2015; Kraemer et al., 2015; Fenocchi et al., 2017, 2018; Ficker et al., 

2017). 

 

b) Role of different communities of primary producers in littoral zone in the Si 

accumulation and recycling. The littoral zone of lakes can be colonized by different 

communities of primary producers: for this reason, it is considered a biogeochemical hotspot, 

where a great primary productivity and nutrient recycling take place (Wetzel & Likens, 1991; 

Den Heyer & Kalff, 1998; Bruesewitz et al., 2012). The littoral zone is also heterogeneous 

and patchy with bare and soft sediments largely colonized by benthic microalgae, macroalgal 

aggregates and phanerogam meadows, and with rocky shores and hard-substrates colonized 

by epilithic algae. Such heterogeneity can influence the magnitude of processes driving Si 

dynamics and the relative amount of Si relative to N and P. Additionally, the structure and 

composition of littoral benthic primary producer communities are influenced by human 

activity and its impact on lake ecosystems, which are mainly concentrated along the shore, 

influencing directly and indirectly nutrient flows. However, only a few studies have 

examined the stoichiometry of nutrient fluxes in salt and freshwater marshes (Van Damme 

et al., 2009; Carey & Fulweiler, 2014), but no research has addressed DSi fluxes and BSi 

accumulation in the littoral zone of lakes in relation to N and P as yet. 
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c) Effect of flow contraction on Si, P and N concentration and mobilization in river 

sediments during the summer dry period. Changes in water flow in rivers are particularly 

exacerbated during the summer period when water diversion and groundwater extraction 

associated with low precipitation and land‐use alteration, decrease water flow. Among the 

most relevant outcomes of flow reduction there is the increase of the riverbed area exposed 

to air, flow cessation with the formation of isolated pools or the complete drying of the 

riverbed (Stanley et al., 1997; Steward et al., 2012; Pekel et al., 2016; Datry et al., 2017a; 

von Schiller et al., 2017). Such changes affect the transport and retention of nutrients and 

their stoichiometry (Tzoraki et al., 2007; von Schiller et al., 2011; Arce et al., 2019). 

However, despite the increasing alteration of river hydrology and the widespread distribution 

of rivers that cease to flow, few studies have analyzed how these conditions influence Si 

dynamics in riverbed sediments and its availability in relation to N and P. 
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2. Silica and Nutrient Loadings and Stoichiometry in a Meromictic Lake (Lake 

Iseo, Italy) 

 

2.1. Introduction 

In last decades human activities have significantly modified the transport of phosphorus (P), 

nitrogen (N) and silica (Si) across heavily exploited watersheds (Harrison et al., 2009; Baker et al., 

2014; Carey & Fulweiler, 2016). Biogeochemical cycles have been deeply altered, shifting  processes 

which control loading formation and transformations from natural to man-managed, the latter being 

generated by untreated sewages, partially treated wastewaters, agricultural soil runoff and 

atmospheric deposition (Serediak et al., 2014; Maranger et al., 2018). Furthermore, climatic changes 

coupled to an altered watershed hydro-geomorphology (e.g. the development of urban areas and 

infrastructures, excessive crop fertilization and diffuse livestock sources, along with sewer and storm 

water overflows), might increase the nutrient quantity which is conveyed to aquatic environments 

(Strayer & Findlay, 2010; Baron et al., 2013). 

Nitrogen, phosphorus and silicon are essential to primary production, especially the element 

which is below the minimum nutritional requirement of a given phytoplankton or vegetal species 

(Paerl et al., 2016). Since the first OECD report, P has been accounted as the main limiting factor to 

lake primary productivity (Vollenweider & Kerekes, 1982). Thereafter, also N was assessed as a 

limiting nutrient, especially in marine ecosystems. A much lower effort was spent for Si, although it 

was recognized as an essential element for key phytoplankton taxa, like diatoms. Furthermore, Si was 

acknowledged to play a key role also for several aquatic macrophytes species (Humborg et al., 1997; 

Serediak et al., 2014; Schoelynck & Struyf, 2016). 

More recently, key studies highlighted how eutrophication in coastal waters is a multifactorial 

issue, depending on both stoichiometry and speciation of N, P and Si (Billen & Garnier, 2007; Glibert, 

2017). Nutrient stoichiometry and speciation in coastal ecosystems are affected by the river runoff, 

which in turn undergoes wide variations and imbalances due to soil uses in the watershed and 

hydrology and internal processes in the river itself (Elser & Hamilton, 2007; Hillebrand et al., 2014). 

The P and Si loadings are composed of a relevant particulate fraction, which tends to settle, especially 

when the river runs at low discharge rates, or is dammed (Ittekkot et al., 2000). By contrast, nitrate is 

the dominant nitrogen species, which is highly soluble and reactive. Thus, an imbalance of the 

reactive forms of N, P and Si can occur, which shifts phytoplankton assemblages from diatom-based 

towards flagellates or coccolithophores dominated communities. Under these circumstances, harmful 
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algal blooms can take place with detrimental effects on ecosystem suitability for fishing, aquaculture 

and bathing (Ittekkot et al., 2000; Billen & Garnier, 2007; Seitzinger et al., 2010; Glibert, 2017). 

Despite nutrient cycles have been explored individually, little attention was paid to multi-element 

stoichiometry, thus losing the perception of the complexity of the eutrophication surges and 

development (Duarte et al., 2009; Howarth et al., 2011; Glibert, 2017; Maranger et al., 2018). 

Maranger et al. (2018) highlight the importance of the concurrent changes of nutrients along the so-

called “freshwater pipe”, showing how at the interface between land and ocean, up to 50% of the 

expected N and P loadings are missing. The different N and P species are transformed and retained 

in different ways within freshwater ecosystems. In streams and rivers a molar ratio N:P = 24:1 could 

indicate an elevated denitrification with N2 loss to the atmosphere. In lakes, N:P = 62:1 is a symptom 

of high P sedimentation and burial, and less effective denitrification due to a longer residence time of 

waters. If few papers take into account N:P stoichiometry (Howarth et al., 2011; Maranger et al., 

2018), even fewer consider also Si in nutrient stoichiometry (Cook et al., 2010; Viaroli et al., 2013). 

Recently, the hydrographic network has been depicted as a complex system of diverse and 

interconnected aquatic subsystems which act as reactors and filters, not only transporting, but also 

transforming nutrient stocks (Meybeck & Vörösmarty, 2005). In this framework, lakes and reservoirs 

are biogeochemical reactors able to regulate the dissolved nutrient inputs, converting them in biomass 

or transforming them in not reactive species (Ittekkot et al., 2000; Harrison et al., 2009; Verburg et 

al., 2013; Frings et al., 2014). These processes can greatly differ among elements, due to their 

different physical-chemical properties, and metabolic pathways and fate. Furthermore, the element 

stoichiometry can greatly affect food webs and water quality (Verburg et al., 2013; Serediak et al., 

2014). In lake open waters, DSi is continuously assimilated by phytoplanktonic diatoms and few other 

species to form biogenic silica (BSi) which settles after organism death, accumulating in bottom 

waters and sediments, where it is partially retained (Hobbs et al., 2010; Frings et al., 2014). Similarly, 

P retention is due to the assimilation by phytoplankton, along with physico-chemical processes, e.g. 

adsorption and co-precipitation, especially with metals (i.e. iron, aluminum and calcium), followed 

by sedimentation and sediment burial (Reynolds & Davies, 2001; Serediak et al., 2014). By contrast, 

the reactive N mainly occurs as dissolved ammonium (NH4
+) and, especially, dissolved nitrate     

(NO3
-). Both ions can be assimilated by primary producers and undergo sedimentation. Under 

oxygenic conditions, NH4
+ can be also oxidized by nitrifying bacteria to NO3

-, which is highly 

soluble. Under anoxic conditions, NO3
- can be reduced via bacterial denitrification to di-nitrogen (N2) 

gas, through a multistep reduction including also the formation of the greenhouse N2O gas (Saunders 

& Kalff, 2001; Baron et al., 2013). Denitrification takes place mainly in the surficial sediment both 

in littoral areas and in deep waters (Bruesewitz et al., 2012; Nizzoli et al., 2014, 2018). Under anoxic 
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condition, anaerobic NH4
+ oxidation (anammox process) and dissimilative NO3

- reduction to NH4
+ 

(DNRA) can also occurred (Nizzoli et al., 2018). To sum up, N, P and Si undergo different pathways 

and fate. Si and P have a predominantly sedimentary cycle and are retained in lake sediments. 

However, the nutrient retention within the lakes is variable and depends on water residence time, 

temperature, redox potential and trophic status (Seitzinger et al., 2006; Verburg et al., 2013; Nizzoli 

et al., 2018). The retention is expected to increase in meromictic lakes, where water overturn is 

missing or very infrequent. 

In meromictic lakes, the persistent stratification allows the formation of a deep water layer, the 

so called monimolimnion, which is usually anoxic and often rich in H2S (Zadereev et al., 2017). The 

persistence of deep water stratification can be enhanced by eutrophication and organic matter inputs 

which can increase the deep water density (Viaroli et al., 2018). In addition to environmental and 

morphological factors (Boehrer et al., 2017), reducing condition can establish, further amplifying the 

release of reduced substances and solutes into the water column (Reynolds & Davies, 2001; Siipola 

et al., 2016; Nizzoli et al., 2018; Viaroli et al., 2018). 

To my knowledge, there are no studies on simultaneous N, P and Si cycling and stoichiometry 

in a meromictic lake. I had the opportunity to carry out a research on these subjects in Lake Iseo, 

Italy. It is a deep perialpine basin, which is persistently stratified since the early 1970s. The first 

complete anoxia in the deepest hypolimnion was registered in 1995 (Mosello et al., 2010). Over the 

last nearly fifty years, the full overturn occurred twice in late winter 2005 and 2006. Afterwards, 

anoxic condition established rapidly expanding upwards, from the bottom up to 100 m depth (Rogora 

et al., 2018). 

The present study explored Si, N and P mass balances, fluxes, fate and stoichiometry in Lake 

Iseo over 30 months. Si, N and P loads and their composition in inlet and outlet water were estimated, 

as well as the molar ratio between them. In addition, mass budgets of each element were estimated in 

order to assess how meromixis can affect each of them. Finally, the in lake fate of Si was analyzed, 

always comparing Si to N and P. The hypothesis was that lake stratification could differentially 

regulate Si, N and P retention, due to their biogeochemical features. Namely, it has been hypothesized 

that sedimentary elements (Si and P) can be retained much more than N. I also hypothesized that the 

Si metabolized by diatoms can undergo sedimentation, thus being retained in the monimolimnion, 

due to the lack of complete overturn. This is a key issue, considering that, in a climate change 

scenario, the deep perialpine lakes may evolve towards oligomixis and further to meromixis, which 

is expected to greatly alter nutrient pathways and fate. 

Therefore, the specific objectives of this study were: (a) to analyze the loadings and fluxes of Si, 

N and P under meromictic conditions; (b) to evaluate how, under these conditions, lake controls and 
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regulates the downstream fluxes of nutrients and their stoichiometry, thus acting as a filter in the 

hydrographic network. 

 

 

2.2. Materials and Methods 

 

2.2.1. Study Area 

The study was carried out in the deep subalpine Lake Iseo. The lake is located on the southern 

slopes of the Alps in the central-eastern part of Lombardy region. Lake Iseo is the fourth lake by 

volume and extension among the deep subalpine lakes (Figure 1, Table 1).  

 

  

   

 

Figure 1. Location of Lake Iseo (left) and detailed map of the lake (right, photo A) showing the three 

sampling sites for loadings estimation. ● = Oglio inlet and Industrial Channel inlet (photo B, Oglio 

inlet), ▲= Oglio outlet (photo C), and ♦ = deployment of sedimentation traps and sampling point of 

deep sediment cores. 
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The watershed of Lake Iseo has an elongated shape with NE-SO orientation and a total extension 

of 1842 km2: 1446 km2 correspond to the catchment area of the Oglio River and 350 km2 to the basin 

of the lake. 

The average elevation of the lake watershed is 1429 m a.s.l. Sedimentary rocks mainly 

characterize the catchment area of the lake, with only the northernmost part presenting crystalline 

formations (Bini et al., 2007). The 35% of watershed lithology (Lombardy Region – Geological Map 

250,000, http://www.geoportale.regione.lombardia.it/download-ricerca) is composed by siliceous 

formation as quartz phyllites, quartz and tonalite, granites and granodiorites, diorites rhyolites and 

amphibolites. Population density is 109 ind. km-2 and urban wastewater are treated by 50 plants, of 

which only five serve more than 10,000 equivalent inhabitants each. Agricultural use accounts for 

22% of the watershed surface (Table 1), mainly as pastures or rough grazing (21.4%). The main crops 

are vineyards (11 km2), chestnut (6 km2) and corn (3 km2). The livestock bulk is 418,033 units, which 

in term of livestock units (1 LSU = 1 adult dairy cow) accounts for 17 LSU km-2. Cattle (18241 LSU), 

poultry (8145 LSU) and sheep (2307 LSU) are the main farmed groups (ISTAT, 2010, http://dati. 

istat.it/). 

Table 1. Principal watershed features and Lake Iseo main characteristics. 

Watershed 

Area, lake included (km2) 1842 

Mean altitude (m a.s.l.) 1429 

Siliceous lithological formations* 35% 

Agricultural total surface (km2) 403 

Total population (n° ind.) 195914 

Lake 

Altitude (m a.s.l.) 185 

Volume (km3) 7.6 

Maximum depth (m) 258 

Average depth (m) 123 

Total Area (km2) 60.9 

Littoral Area (km2) 5.0 

Theoretical renewal time (years) 4.5 

* The percentage are referred to quartz phyllites, quartz and tonalite, granites and granodiorites, diorites 

rhyolites and amphibolites formations and to surficial area (km2). 

 

http://www.geoportale.regione.lombardia.it/download-ricerca
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Lake Iseo is meromictic since the early 1970s, although complete overturn occurred in 2005 and 

2006. The lake is classified as mesoeutrophic due to meromixis  and the influence of anthropic 

activities in the watershed (Salmaso et al., 2018). The oxygen depletion and P accumulation are 

expanding upwards (Rogora et al., 2018): currently, the water mass is completely anoxic from 100 m 

depth to the bottom (258 m). 

The total water inflow is 4.1 x 106 m3 d-1. The Oglio river is the main natural tributary, which 

contributes more than 48% of water inflow (Figure 1). The Industrial Channel has a similar discharge 

and accounts for 50% of the total water inflow. Other minor natural tributaries, like Bagnadore, 

Borlezza and Rino torrents, represent <2% of the water inflow. 

Lake Iseo is man-regulated by a top releasing dam located at Sarnico, at the lake outlet. The dam 

was built in 1933 and is currently managed by the Oglio Consortium, which regulates the surface 

water outflow in order to supply water for irrigation and hydroelectric power production and to 

control the flooding risk. On average the outflow is 3.0 x 106 m3 d-1. 

Lake Iseo, like the other southern-alpine lakes, has an elongated shape from North to South (25 

km in length), steep banks and a flat bottom in cryptodepression, all characteristics referring to the 

glacial origin (Ambrosetti et al., 1992). The west shore is steep and rocky, while the eastern side is 

steep in the northern part but becomes progressively flat towards the south. The surface area of the 

littoral zone corresponding to the photic layer, between 0 and 10 m depth, is ~5 km2, i.e. 8.2% of the 

total lake surface area. The Secchi disk never exceeds 4.5 m depth, limiting the macrophyte growth 

to about 9 – 10 m depth (Bolpagni et al., 2017). I focused the activities in the depth range 0 – 10 m 

(see Chapter 3). 

 

2.2.2. Monitoring Inlet and Outlet Nutrient Concentration and Load Estimation 

The survey lasted from May 2016 to October 2018. Monthly samplings were conducted on 30 

dates at three sites: the Oglio River and the Industrial Channel at the inlet, and the outlet near the 

Sarnico dam. To take into account the impact of flow variability on water chemistry, the sampling 

activity was intensified during high flow events on 7 dates. For each sampling date and station, three 

replicate water samples were collected with a Ruttner bottle and stored in 2 L polyethylene bottles. 

Samples were filtered (Wathman GF/F) and stored in polyethylene vials: once in the laboratory, 

samples were stored at 4 °C and analyzed within 24 h to measure dissolved silica (DSi), soluble 

reactive phosphorus (SRP), ammonium (N-NH4
+) and nitrate + nitrite (N-NOx). Finally, the total 

inorganic nitrogen (DIN) was calculated as DIN = N-NH4
+ + N-NOx. Unfiltered samples were 

analyzed within 48 h for total phosphorus (TP) and nitrogen (TN). 
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An aliquot of each replicate was filtered on pre-weighed filters (Wathman GF/F, Ø 25 mm, 0.7 

µm) for the determination of total particulate phosphorus (PP) and nitrogen (PN). The filters were 

then placed in an oven at 70 °C for 24h and weighed for determining suspended particulate matter 

(SPM). A second aliquot of water of each replicate was filtered on polycarbonate (Wathman 

Nucleopore, Ø 47 mm, 0.4 µm) and frozen for the determination of biogenic silica (BSi). A third 

water aliquot of each replicate was filtered on Wathman GF/F and the filter was frozen for the 

determination of chlorophyll-a (Chl-a). The total silica (TSi) was estimated as DSi + BSi. 

The annual nutrients and pools loadings from the lake inlets and outlet were calculated as the 

product of the discharge weighted mean concentration by the mean annual discharge of the 3 years 

(Quilbé et al., 2006) as follows (1): 

 

𝐿 = 𝑘
∑ 𝐶𝑖𝑄𝑖

𝑛
𝑖=1

∑ 𝑄𝑖
𝑛
𝑖=1

𝑄𝑚  (1) 

 

where L is the annual loading (t y−1), Ci is the concentration at day i (mg m−3), Qi is the mean 

daily discharge at day i (m3 s−1), Qm is the mean annual discharge (m3 s−1) of the three years and k is 

the factor (31.53 x 106) to calculate L on the annual basis. 

Si, N and P retention (R, %) in lake was estimated for the three years as (2): 

 

𝑅 =  
𝐿𝑖𝑛−𝐿𝑜𝑢𝑡

𝐿𝑖𝑛
∗ 100 (2) 

 

where Lin is the average Si, N or P loads of the three years (t y−1) estimated with formula (1) in 

inlet water and Lout is the average Si, N or P estimated with formula (1) in outlet waters.  

The Iseo Consortium and the Regional Agency for Environmental Protection (ARPA) of 

Lombardy Region provided the daily average water inflows and outflows, while Paravisio hydro-

electrical company provided the discharge of the Industrial Channel. The difference between total 

discharge and Industrial Channel discharge was accounted as the Oglio River discharge. 

Atmospheric N inputs (NDep) were estimated from wet and dry deposition data of reactive N (Nr) 

from the Cooperative Programme for Monitoring and Evaluation of the Long-range Transmission of 

Air Pollutants in Europe (EMEP 2010, http://www.emep.int/). In the Lake Iseo area such NDep is 9.5 

kg N ha-1 y-1. 
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2.2.3. Sediment Traps 

In order to quantify sedimentation rates, two multi-trap systems (Hydro-Bios Ltd., Kiel, 

Germany) were moored to collect total suspended solids at two depths: below the epilimnion (20 m) 

and near the hypolimnion-monimolimnion interface at 90 m depth (Figure 1). Each trap was equipped 

with 24 collecting bottles and two cylinders (154 cm2) for duplicate sampling. The bottle content was 

preserved with pre-added formalin to prevent decomposition of settled material. The trap was 

positioned from 8 April 2016 to 5 April 2017 and the time interval of sampling was 31 days. Upon 

recovery, the bottle content was concentrated and freeze-dried prior the determination of the dry mass 

by weighing. After removal, samples were immediately brought to the laboratory, stored at 4°C in 

the dark and processed within two weeks. The trapped material was concentrated in 20 ml vials and 

dried at 105 °C and then weighted to determine total mass of sedimented suspended solids. BSi, total 

N and P were estimated on dry material.  

The flux rates of sedimentation (expressed as mg m-2 d-1) were calculated by multiplying the 

areal dry mass flux rate times the nutrient content in settled material for each time interval. 

 

2.2.4. Water Column Profiles 

The chemical data of water column profile were provided by the Regional Agency for 

Environmental Protection of the Lombardy Region (ARPA Lombardy), for the period 2001-2017. 

The following variables were selected: Chl-a, N-NOx, N-NH4
+, TN, SRP and TP, all reported as          

µg L-1; DSi (mg Si L-1) was measured only from 2009 to 2017. The total inorganic nitrogen (DIN) 

was calculated as DIN = N-NH4
+ + N-NOx. The sampling effort of the entire water column                     

(0-258 m) ranged from four (one per season) from 2001 to 2011 to twelve (one per month) from 2012 

to 2017. 

  

2.2.5. Benthic Fluxes of Deeper Sediment 

Six sediment cores were sampled on 26 October 2018 at 258 m depth in order to analyze the 

chemical and physical characteristics of the deep surface sediment. The cores were collected with an 

electronic winch linked to a Plexiglas tube (inner diameter 5 cm, height 30 cm). Once collected, the 

cores were immediately submerged in anoxic water retrieved at the same depth and closed with a 

rubber stopper in order to minimize the exposure to atmospheric oxygen, then, they were transported 

to the laboratory at the University of Parma within 4 hours. Once in the laboratory, sediment cores 

were housed in a thermostatic room, submerged in an incubation tank (75 L) containing water from 
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the monimolimnion. The incubation was carried at the same ambient temperature (±1 °C). Anoxia in 

the tank was assured by covering the incubation tank with a plastic bag and by bubbling the water 

with N2. Cores were left to stabilize overnight (~12 hours). The day after sampling, the cores were 

incubated under dark conditions, mimicking the ambient light of the deep monimolimnion. The 

incubation lasted 72 h. Water subsamples were withdrawn from each core at the incubation start and 

after 24, 38 and 72 hours. During maintenance and incubation, the water inside the cores was gently 

stirred, avoiding sediment resuspension, using magnetic stirrers suspended within each core and 

driven with a magnet rotated at 40 rpm by an external motor. To begin the incubation, the water level 

in the tank was lowered below the core edges and the upper opening of the cores was closed with a 

floating Plexiglas lid. Water samples were collected through a valve in the lid with plastic syringes 

and filtered through Whatman GF/F glass fiber filters. To determine DSi, N-NOx and N-NH4
+ 

samples were stored in polyethylene vials, while to measure SRP glass tubes were used. Samples 

were stored at 4 °C and analyzed within 24 hours. Hourly fluxes of nutrients (mg m-2 h-1) were 

calculated after linear regression of concentration versus incubation time and multiplied by 24 h to 

obtain daily fluxes (mg m-2 d-1).  

 

2.2.6. Analytical Methods 

N-NH4
+ (Koroleff, 1970), N-NOx (APHA, 1998), SRP (Valderrama, 1981) and DSi (Golterman 

et al., 1978) were determined with standard spectrophotometric methods (Perkin Elmer, Lambda 35). 

An analytical blank that underwent the same procedure as the samples, including filtration, was 

always analyzed to correct for sample contamination. 

The suspended particulate matter was determined by filtration with GF/F filters. Filters were 

oven-dried at 70 °C for 24h. The dried filters were weighed immediately after being removed from 

the oven and cooled in a desiccator. Thereafter, they were analyzed to quantify particulate N and P 

following an alkaline digestion (Maher et al., 2002). Unfiltered samples were processed with the same 

digestion to determine total N and P. The total dissolved N and P were obtained as the difference 

between the total and particulate pool of N and P. 

The total BSi content of suspended particulate matter and in samples from sedimentation traps 

was analyzed following DeMaster (1981): 30 mg of dry sediment were digested with 30 ml of 0.1 M 

Na2CO3 in polypropylene bottles for 5 h at 85 °C. Subsamples were collected after 3, 4 and 5 h and 

analyzed for DSi with the molybdate blue spectrophotometric method (Golterman et al., 1978). 

Before the analysis, each sample (1 ml of extraction solution) was neutralized with 9 mL of HCl    

0.021 M. To correct for the amount of Si resulting from mineral dissolution, the Si content of the 
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subsamples was plotted against dissolution time. The y-axis intercept of the linear regression line 

represents the estimated BSi content. All BSi dissolved within the first 3 hours.  

On SPM, Chl-a was determined spectrophotometrically according to Lorenzen (1967), after 

extraction with 10 mL 90% water-acetone. Total N and P content in samples of sedimentation traps 

were determined at the Leibnitz-Institute of Freshwater Ecology and Inland Fisheries: N was 

determined using a CHN elemental analyzer (CHNS-O EA 1108 Carlo Erba), while P was determined 

following Aspila et al. (1976). 

 

2.2.7. Statistical Analysis 

Nutrient concentrations data were analyzed with ANOVA to assess difference among sites (inlet 

and outlet) and season (vegetative and non-vegetative). The relation of nutrient concentrations with 

the discharges in two sampling sites (inlet and outlet) were further investigated using the Pearson 

correlation coefficient. Finally, individual regressions were run between the DSi, SRP and DIN 

concentrations in monimolimnion and the time (year). The slopes of the regressions and the 

correlation coefficients were used to estimate the annual accumulation (t y-1) of nutrients in the deeper 

layer of the lake. Statistical analyses were run with the R software v. 3.6.0 (The R Core Team, 2019). 

All results in text, figures and tables are presented as mean ± standard error. 

 

 

2.3. Results 

 

2.3.1. Nutrient Loading to and Nutrient Export from Lake Iseo: Concentrations, Budgets and 

Stoichiometry 

The temporal variations of total, dissolved reactive and particulate forms of Si, P and N, along 

with water discharge, are reported in Figure 2, Figure 3 and Figure 4, respectively. First of all, 

discharge rates were greatly variables in the Oglio river tributary, which is under the runoff influence, 

while they were smoothed in the Industrial Channel, due to the management of the hydroelectric 

power plant. Also in the lakes outflow, the water discharge was man-regulated, undergoing higher 

flows in summer, when the water demand was high, and lower flows in late winter when water was 

accumulated in the lake. 

In the Oglio river tributary, TSi was for the most part accounted by DSi, while BSi was on 

average much lower. However, BSi peaks were detected during flood events at high discharge rates. 

In the Industrial Channel the TSi and DSi trends nearly coincided, while the BSi pattern differed from 
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that of the Oglio river tributary, likely due to the different water flow and damming of the channel. 

On average, in the water outflowing from the lake TSi and DSi concentrations almost coincided, TSi 

being made for the most part by DSi. Both TSi and DSi followed a seasonal trend, with minimum 

values in spring-summer, likely due to the lake metabolism. 

 

 

Figure 2. Temporal variations of total (TSi), dissolved (DSi) and particulate biogenic (BSi) silicon 

concentrations in the inlet and outlet waters of Lake Iseo. Og in = Oglio inlet, Ch in = Industrial 

Channel inlet, Og out = Oglio river outlet. The water discharge is reported in background. 
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Figure 3. Temporal variations of total (TP), soluble reactive (SRP) and particulate (PP) phosphorus 

concentrations in the inlet and outlet waters of Lake Iseo. Og in = Oglio inlet, Ch in = Industrial 

Channel inlet, Og out = Oglio river outlet. The water discharge is reported in background. 

 

In the Oglio river tributary, the TP variability was affected mainly by river discharge: peaks up 

to 350 g P L-1 were attained during high flow episodes, when also PP attained values up to                

250 – 350 g P L-1. Concurrently, also SRP increased, but at a lower extent, never exceeding                

70 g P L-1. In the Industrial channel, except one date, TP concentrations were lower                            

(<150 g P L-1) and peaks were attained during high flow periods, coinciding also with the highest 

PP values, while SRP concentrations oscillated below 30 g P L-1. In the lake outflow, TP and SRP 
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were on average <50 g P L-1, with some seasonality, while PP was retained and close to the detection 

limit. 

Only slight differences were found for TN concentrations among tributaries and emissary, with 

a weak relationship, i.e. Oglio inlet > Channel inlet > Oglio outlet. This pattern is more evident for 

DIN, which also underwent some seasonality, depending on water management. Finally, PN 

concentrations attained some peaks in the Oglio tributary, while they were almost persistently low in 

both Industrial Channel and Oglio emissary. 

 

 

Figure 4. Temporal variations of total (TN), dissolved reactive (DIN) and particulate (PN) 

phosphorus concentrations in the inlet and outlet waters of Lake Iseo. Og in = Oglio inlet, Ch in = 

Industrial Channel inlet, Og out = Oglio river outlet. The water discharge is reported in background.  
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On average, all nutrient concentrations resulted significantly lower in outlet than in inlet waters 

(ANOVA, p <0.001). DSi decreased from 1899 ± 91 to 462 ± 30 µg Si L-1, DIN diminished from 

1126 ± 70 to 567 ± 44 µg N L-1 and SRP decreased from 18 ± 5 to 4 ± 2 µg P L-1. 

The mean annual loadings of all nutrients resulted lower in outlet than in inlet waters. From inlet 

to outlet, TSi decreased from 3044 ± 303 t Si y-1 to 641 ± 164 t Si y-1 (Figure 5), which was equivalent 

to a 75% Si retention within the lake. DSi and BSi were retained in a similar way - respectively 76% 

and 75% - but DSi composed the 86% of TSi in both inlet and outlet waters. Total P had a similar 

behavior to Si, passing from 126 ± 22 t P y-1 in the inlet to 26 ± 3 t P y-1 in the outlet (Figure 5), with 

a 79% retention within the lake. SRP (80%) and PP (84%) were similarly retained. In the inlet waters, 

PP accounted for 73% of TP, whilst its contribution decreased to 56% in the outlet waters. A much 

lower retention was observed for TN loadings, which decreased from 2117 ± 139 t N y-1 (inlet) to 

1197 ± 71 t N y-1 (outlet) (Figure 5), accounting for only a 45% retention within the lake. Over the 

whole period considered in this study, DIN was the main N pool in both inflow and outflow, of which 

more than 90% was accounted by N-NOx. The contribution and changes of N-NH4
+ were almost 

negligible, compared to N-NOx. 

 

 

Figure 5. Dissolved silica (DSi), biogenic silica (BSi), total silica (TSi), dissolved inorganic nitrogen 

(DIN), particulate nitrogen (PN), total nitrogen (TN), soluble reactive phosphorus (SRP), particulate 

phosphorus (PP) and total phosphorus (TP) loads in the inlet and outlet water. Values calculated as 

integrated loads of the three years (2016 – 2018). Error bars represent standard error. 

 

The year was partitioned into two periods based on phytoplankton productivity: a vegetative 

period from April to September (spring and summer), and a non-vegetative one from October to 

March (autumn and winter). Differences between the two periods were statistically significant only 

for DSi and DIN concentrations (p <0.05), but only in outlet waters, due to lake metabolism (Figure 

6). 
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Figure 6. Dissolved silica (DSi), dissolved inorganic nitrogen (DIN) and soluble reactive phosphorus 

(SRP) concentrations in the inlet and outlet water during vegetative (April – September) and non-

vegetative (October – March) periods. 

 

Relationships between water discharge and nutrient concentration were tentatively assessed in 

both inlet and outlet. The Pearson correlation resulted statistically significant for DIN (r = 0.50, p 

<0.01) and DSi (r = 0.59, p <0.01), which were negatively correlated to the discharge in both inflow 

and outflow (Figure 7). Particulate pools of all nutrients were positively correlated to discharge only 

in inlets (BSi r = 0.69; PN r = 0.67; PP r = 0.61; p <0.001 for all). 

The nutrient retention within the lake influenced the nutrient stoichiometry, which differed 

between inflowing and outflowing waters. The N:Si ratio increased from 1.36 ± 0.06 in the inlet to 

4.57 ± 0.77 in outlet (Figure 8a). This increase was due to both particulate and reactive N and Si 

species: DIN:DSi increased from 1.25 ± 0.06 in the inlet to 3.11 ± 0.36 in the outlet (Figure 8b), as 

well as PN:BSi increased from 1.41 ± 0.26 to 2.30 ± 0.70 (Figure 8c). The same pattern was observed 

for the P:Si ratio which increased from 0.026 ± 0.004 in the inflow to 0.043 ± 0.007 in the lake outflow 

(Figure 8a). In addition, the P:Si ratio significantly (p <0.05) decreased between vegetative (0.058 ± 

0.011) and non-vegetative (0.024 ± 0.003) period in outlet water (Figure 8a). The average value of 

PP:BSi resulted more than one order of magnitude higher (0.17 ± 0.02) than SRP:DSi (0.009 ± 0.001) 

in inlet and outlet water (Figure 8b, 8c). During high flow events, especially in autumn and winter, 

the PP:BSi molar ratio increased up to 0.20 (±0.03), while the lower PP:BSi value (0.13 ± 0.02) was 

detected during the vegetative period, only in the outlet water (Figure 8c). The molar N:P ratio was 

lower in inlet (84 ± 5) compared to outlet (116 ± 10) (Figure 8a). Similarly, DIN:SRP and PN:PP 

were lower in inlet (169 ± 10 and 7.0 ± 0.4 respectively), than in outlet (528 ± 81 and 15.0 ± 0.7, 

respectively) (Figure 8b, 8c). 
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Figure 7. Soluble reactive phosphorus (SRP), particulate phosphorus (PP), dissolved inorganic 

nitrogen (DIN), particulate nitrogen (PN), dissolved silica (DSi) and biogenic silica (BSi) in inlets 

(black dots) and outlet (open circles) waters during the monitoring period (May 2016 – October 

2018). 
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Figure 8. N:Si and P:Si molar ratio in inlet (left panel) and outlet (right panel) during vegetative 

(open circles) and non-vegetative (black dots) in the period May 2016 – October 2018 for total (a), 

dissolved (b) and particulate (c) pools. Dashed lines represent the balanced ratios for phytoplankton 

growth in freshwater (Dupas et al., 2015): N:Si = 0.40, P:Si = 0.025 and N:P = 16. 

 

2.3.2. In Lake Processes and Budgets 

Since 2006, Lake Iseo has been persistently stratified, with a stable monimolimnion. Both 
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Figure 9. Concentration of dissolved silica (DSi), soluble reactive phosphorus (SRP) and dissolved 

inorganic nitrogen (DIN) along the water column (left panel, data reported as boxplot) and in 

monimolimnion along the years (right panel, data reported as mean annual value and standard error). 

Data provided by ARPA Lombardy from 2009 to 2017 and expressed as µg L-1. 
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The DIN composition varied with depth. In the surface waters N-NOx contributed on average by 

90%, while in the monimolimnion N-NH4
+ accounted on average for 20% of DIN. Moreover, N-

NH4
+ contribution progressively increased from 7% in 2012 to 49% in 2017, which is a result of 

anoxia and reducing conditions in the monimolimnion. In parallel, with a linear regression of 

concentrations vs time I estimated that from 2009 to 2017 DSi increased by 303 µg Si L-1y-1 (R2 = 

0.82, p <0.001) and SRP increased by 4.6 µg P L-1y-1 (R2 = 0.60; p <0.001). Contrariwise, DIN 

concentration decreased by 66 µg N L-1y-1 (R2 = 0.78, p <0.001) (Figure 9, right panels). 

The DIN:DSi molar ratio decreased with depth from 1.1 ± 0.2 in epilimnion to 0.2 ± 0.1 in 

monimolimnion, while the SRP:DSi molar ratio slightly increased from 0.002 ± 0.003 in the 

epilimnion to 0.032 ± 0.004 in the monimolimnion. Based on these ratios, in the epilimnion, DSi is 

potentially limiting in comparison to SRP but not to DIN, while DSi is in excess with respect to DIN 

but not to SRP in the monimolimnion (Figure 10). 

 

 

Figure 10. DIN:DSi and SRP:DSi molar ratios in epilimnion, hypolimnion and monimolimnion. 

Dashed lines represents the value of the ratio in freshwater (Dupas et al., 2015): N:Si = 0.40, P:Si = 

0.025 and N:P = 16. Data are expressed as mean values and standard errors (error bars). 
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23 ± 2 mg N g-1 at 20 m depth to 14 ± 1 mg N g-1 at 90 m depth during non-vegetative period. By 

contrast, there was an accumulation of PN at 90 m during vegetative period (19 ± 2 mg N g-1). 

The average sedimentation rate was 108 ± 12 mg Si m-2 d-1 for BSi, 19 ± 1 mg N m-2 d-1 for PN 

and 2.5 ± 0.6 mg P m-2 d-1 for PP. The nutrient stoichiometry of settled matter was affected by both 

depth and periods (Figure 11). 

 

 

Figure 11. PN:BSi and PP:BSi molar ratios of settled matter collected in the sedimentation traps at 

20 m (circle) and 90 m (diamond) during non-vegetative (open symbol) and vegetative periods (black 

symbol). Dashed lines represent the balanced ratio for phytoplankton growth in freshwater (Dupas 

et al., 2015): N:Si = 0.40, P:Si = 0.025 and N:P = 16. Data are expressed as mean values and standard 

errors (error bars). 
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vegetative periods. The PP:BSi ratio showed a decreasing trend from 20 to 90 m, especially in         

non-vegetative period (Figure 11). 
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(0.04 ± 0.33 mg P m-2 d-1), but flux rates were greater in the deepest sediments. DIN was taken up in 

the littoral zone (-15.0 ± 6.5 mg N m-2 d-1) and recycled into the water column in the deepest sediment 

layer (21.7 ± 1.1 mg N m-2 d-1). 

Benthic fluxes in littoral zone highlighted a greater Si release in comparison to N uptake and 

very low P fluxes (Figure 12). The DIN uptake was accounted for mainly by N-NOx removal, which 

was likely due to reduction pathways, e.g. denitrification. The N-NH4
+ removal was much lower, 

partly due to nitrification in the oxic water layers. 

 

 

Figure 12. Comparison of benthic fluxes of dissolved silica (DSi), dissolved inorganic nitrogen 

(DIN) and soluble reactive phosphorus (SRP) in the littoral zone and in deepest sediments of Lake 

Iseo. Error bars represent standard error (n = 33 in littoral zone sediment; n = 6 in deepest sediment). 

Data of littoral zone from Chapter 3. 

 

Compared to epilimnetic waters, in the monimolimnion nutrient stoichiometry of benthic fluxes 

underwent some imbalance, with P (P:Si = 0.06 ± 0.03) and N (N:Si = 1.26 ± 0.15) in excess of Si. 

DIN was released from bottom sediments as N-NH4
+, while N-NOx was likely a residual from the last 

complete overturn. In terms of budget, N-NH4
+ tended to become dominant due to its efflux from 

sediment, while N-NOx was consumed. Contrariwise, in the littoral zone DIN was almost entirely 

composed by nitrate, whilst the ammonium release from sediments was much less relevant. 
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2.4. Discussion 

This study aimed at analyzing how and to which extent a deep lake can regulate nutrient fluxes, 

acting as a nutrient filter in the hydrographic network (see for definition Meybeck & Vörösmarty, 

2005). As far as I know, this is the first study addressing multi-element dynamics and stoichiometry 

in lakes, comprising Si and its biogenic pool. Lakes are recognized as biogeochemical reactors, able 

to retain and store nutrients as Si, N and P depending also on their depth (Harrison et al., 2009; Frings 

et al., 2014; Maranger et al., 2018). Less is known about the relationships among elements and their 

stoichiometry. Many lakes are undergoing a less frequent water overturn, and they are shifting 

towards oligomixis and even meromixis (Salmaso et al., 2018). In meromictic lakes, due to the 

permanent and stable stratification of the water column, the deeper water mass (monimolimnion) can 

become a sort of nutrient storage, excluding nutrient from the upwelling during water overturn.  

The first cause of reduction of complete overturn events in Lake Iseo has been attributed to 

salinity on vertical density distribution and the consequent deoxygenation of the deep water 

(Ambrosetti & Barbanti, 2005). Meromixis is made more stable by the warming of the water column, 

which amplifying the thermal differences between surface and bottom waters, thus strengthening the 

stratification (Valerio et al., 2015). 

 

2.4.1. Nutrient Retention in Lake and the Role of Meromixis 

The extent of the retention of external Si, N and P loadings within Lake Iseo is reported in Table 

2. The retention of TSi and TP was nearly twofold the TN one. This is clearly due to the sedimentary 

features of Si and P cycles (Ruttenberg, 2003; Teodoru et al., 2006). Instead, the N cycle was 

dominated by dissolved reactive forms, especially nitrates that are easily soluble. 

 

Table 2. Summary of the retention in Lake Iseo of total (TSI) and dissolved silica (DSi); total (TN) 

and dissolved inorganic nitrogen (DIN); total (TP) and soluble reactive phosphorus (SRP). Data are 

expressed as mean values and standard errors in parenthesis. 

 TSi DSi TN DIN TP SRP 

Inlet (t yr-1) 
3044 

(303) 

1899 

(292) 

2174 

(139) 

1614 

(124) 

126 

(22) 

28 

(4) 

Outlet (t yr-1) 
747 

(164) 

641 

(135) 

1197 

(71) 

779 

(60) 

26 

(3) 

6 

(2) 

Retention (%) 75 76 45 52 79 80 
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The retention capacity depends also on other factors, especially lake morphology and hydrology. 

A wick positive regression between relative retention of inflowing Si and water residence time (R2 = 

0.12) was found for other lakes (Frings et al., 2014). Lake Iseo features, i.e. TSi loading retention of 

75% and water residence time of 4.5 years, fitted well with this regression, especially considering 

lakes features only (Figure 13). Taking in account the lake surface, Si retention was 37.7 g m-2 y-1, a 

value slightly higher compared to other lakes worldwide (19.7 ± 22.6 g m-2 y-1) (Harrison et al., 2012; 

Frings et al., 2014). Possible causes of this higher value could be the morphological characteristic of 

the lake (i.e. high depth and restricted littoral zone) and the presence of meromixis, both concurring 

to the increase of Si retention. 

 

Figure 13. Residence time (years in a log scale) and retention capacity of Si (in %) in different lentic 

bodies worldwide, both natural lakes (open circles) and reservoirs (black dots). Data available in 

Frings et al. (2015). Red diamond represents Iseo Lake. 

 

Total P retention in Lake Iseo was comparable to other lakes (Reynolds & Davies, 2001; Cook 

et al., 2010; Verburg et al., 2013). In Lake Idro, which is about 50 km northwards, a retention between 

9 and 35% was estimated in different years (Viaroli et al., 2018). This could be due to different causes. 

Volumes and depths of lakes are different. On average Lake Iseo is deeper (mean depth = 123 m, 

maximum depth 258 m) than Lake Idro (mean depth = 77 m, maximum depth 124 m) and the water 

residence time is much less in Lake Idro (0.9 years). The water level of both lakes is man regulated, 

but level oscillations are greater in Lake Idro. Land use in the watersheds are different, being Lake 

Idro watershed (Viaroli et al., 2018) less exploited than Lake Iseo basin (Table 1). In Lake Iseo, TN 

retention was lower (45%) than what predicted by reference predictive retention model for reactive 

N (Seitzinger et al., 2006). DIN retention (52%) resulted similar to the 31% retention estimated for 
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Lake Idro (Nizzoli et al., 2018). Under meromictic conditions, the complete overturn is much less 

frequent or does not occur at all, thus causing oxygen depletion and anoxia in the deepest water layer. 

The 40% of the benthic system in Lake Iseo was anoxic. As a consequence, N-NOx depleted and 

extreme reducing conditions favored N recycling rather than denitrification (Nizzoli et al., 2018). 

This condition can induce the N-NOx consumption in the monimolimnion. This imbalance of nutrient 

loadings could depend on the removal pathway of Si and P, which is mainly sedimentary, compared 

to N, which is mainly biological, e.g. primary productivity and denitrification. Furthermore, there is 

an excess of N, e.g. both from atmospheric inputs and agriculture and livestock. 

The differential retention of N, P and Si is confirmed by molar ratios which clearly changed from 

inlet to outlet. In outlet water, N:Si and N:P resulted higher than in the inlet, confirming a stronger 

retention of Si and P compared to N. An increase of N:P and N:Si ratio in outlet water has already 

been described, even though with little values due to a lower retention of Si and P (Cook et al., 2010). 

The N:P ratio of Lake Iseo, with the only exception of outlet waters during the non-vegetative period 

(134 ± 19), is in agreement with the range of value found in American lakes, ranging from 34 – 110 

(Maranger et al., 2018). The Si depletion, which is regulated mainly by natural processes, is 

contrasted by P and N replenishment by anthropogenic activities (Cook et al., 2010), which often 

results in the increase of flagellate and cyanobacteria blooms along with the concurrent decrease of 

diatoms in coastal waters (Humborg et al., 2000) and in freshwater (Glibert, 2017). 

Nutrient regulation undergoes different pathways, following the evolution of phytoplankton 

productivity in the water column. DSi is regulated by primary production in early spring when 

diatoms grow, while DIN decreases in summer due also to denitrification as demonstrated in other 

lakes (Nizzoli et al., 2018). This could be also explained by the shift of primary producers 

assemblages from diatom dominated in early spring to cyanobacteria dominated in summer (Havens, 

2008). The DSi to DIN stoichiometry suggests a stronger DSi limitation in outlet water. 

The higher retention of Si and P is reflected in the annual increase of DSi and SRP in 

monimolimnion, respectively 1089 ± 17 t Si y-1 and 17 ± 1 t P y-1 (Table 3). In Lake Idro, a comparable 

accumulation of 8 t P y-1 was found (Viaroli et al., 2018). From 2009 to 2017 the N:Si and N:P ratio 

decreased in the monimolimnion, suggesting a progressively unbalanced of stoichiometry. The N:Si 

decrease from 0.58 to 0.10 (R2 = 0.77) remarking the progressively N loss in deep water of Lake Iseo. 

The same trend was found for N:P ratio, decreasing from 16 in 2009 to 4 in 2017 (R2 = 0.82), while 

P:Si remained stable in the monitored period (0.034 ± 0.004), confirming the similar fate that connects 

P and Si cycling. 
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Table 3. Regression of concentration (µg L-1) versus time (year) of dissolved silica (DSi), dissolved 

inorganic nitrogen (DIN), nitrate and nitrite (N-NOx), ammonium (N-NH4
+) and soluble reactive 

phosphorus (SRP) in Lake Iseo monimolimnion from 2009 to 2017. 

Nutrient Slope (µg L-1 y-1 )  R2  p 

DSi 303.0 (4.7) 0.82 <0.001 

DIN -66.2 (3.3) 0.78 <0.001 

N-NOx -72.7 (9.1) 0.91 <0.001 

N-NH4
+ 6.6 (0.3) 0.20 n.s. 

SRP 4.6 (0.3) 0.60 <0.001 

 

2.4.2. Fluxes from and to Sediments 

The nutrients retention in Lake Iseo was due to the balance between settling SPM downwards 

and the regeneration upwards the water column. Stocks and fluxes of N, Si and P are depicted in 

Figure 14. Overall, sedimentation rates in Lake Iseo were much lower than in other studies, referring 

to both natural lakes and reservoirs. Usually, reservoirs drain larger catchments area than lakes, thus 

receiving a greater runoff (Maranger et al., 2018). In addition, the lower residence time and the higher 

settling velocities of reservoirs can speed up processes (Harrison et al., 2009; Clow et al., 2015). 

Nonetheless, the annual BSi load to bottom sediment in Lake Iseo (Figure 14) resulted only slightly 

lower than those found by Teodoru et al. (2006) for reservoirs. 

From late spring to late summer of 2017, the littoral zone of Lake Iseo appeared to perform as a 

DSi source, as a weak SRP source and as a DIN sink (see Chapter 3). The N removal resulted similar 

to the N assimilation of 9 – 38 t N y-1 reported for Lake Idro (Nizzoli et al., 2018). All fluxes from 

sediment to water resulted lower than sedimentation rates in the 20 m shallow zone, suggesting that 

nutrient retention occurred not only in the deepest sediments but also in the shallow coastal zone of 

the lake. The settled material underwent a nitrogen shortage during the non-vegetative period, 

probably due to a diatom bloom in autumn and a summer cyanobacteria growth (Havens, 2008). 
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Figure 14. Main fluxes and pathways of Si, N and P as dissolved and particulate pool in Lake Iseo. 

In addition to inlet and outlet nutrient pools, nutrient sedimentation in epilimnion (Sed. 0-20 m, trap 

at 20 m depth), hypolimnion (Sed. 20-90 m, average between the 2 traps) and monimolimnion      

(Sed. 90-258 m, trap at 90 m depth), nutrient regeneration from littoral zone (Reg. 20 m) and deep 

sediment (Reg. 258 m) are reported. Fluxes are reported as t y-1. Standard error in parenthesis. Arrows 

size is proportional to flux rates. 
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Phosphorus resulted always in excess in comparison to Si but not to N at both sediment trap 

depths. All nutrients were regenerated from bottom sediments at 258 m depth to the water column, 

with more N than Si. Nonetheless, in monimolimnion N was deficient compared to Si, likely due 

nitrate consumption, e.g. through denitrification (Table 3), which was not compensated by N 

regeneration from sediment. At the same time, the N:P ratio was unbalanced towards P in 

monimolimnion. Overall, Si, P and N-NH4
+ increased in time, due to the lack of a complete water 

mixing. This nutrient bulk is made unavailable to the photic zone while the stratification persists. In 

other words, this system looks like a ‘time bomb’ which can be only triggered by full water mixing, 

making high nutrient concentrations available to phytoplankton into the photic zone (Viaroli et al., 

2018). Similar events occurred in 2005 – 2006, when SRP concentrations in the epilimnion attained 

up to 75 g P L-1 (Salmaso et al., 2014; Rogora et al., 2018). 

The differences between input and output loadings of Si, P and N do not match well with changes 

accounted by in lake processes (sedimentation and sediment fluxes, Figure 14). For Si, the difference 

between the process within the lake and the mass budget is missing 60 t y-1 of Si, which could be due 

to some external source or to atmospheric deposition over the lake. Conversely, P and N in lake 

processes and P and N mass budgets had relevant differences. The high contribution of PP in inlet 

water (76% of total load) may suggests a strong deposition immediately after the lake inlets. This 

could explain the 54 t P y-1 missing. The N mass balance was missing 31% of the inlet load which 

was not accounted by fluxes. This difference could be explained by the denitrification. The 

denitrification is an important process occurring in anoxic condition (Bruesewitz et al., 2012; Nizzoli 

et al., 2014, 2018) which, for example, in the close Lake Idro represents ~10% of the inlet load 

(Nizzoli et al., 2018). 

 

 

2.5. Conclusions 

This study analyzed how and to which extent a meromictic deep lake acts as a Si filter in the 

hydrographic network and compared Si retention and pathways with those of the more extensively 

studied dynamics of N and P. This is an understudied but important issues in inland waters, as it can 

provide new insight to understand the role of lake ecosystems to regulate Si fluxes and its availability 

relative to N and P. Additionally, the fact that Lake Iseo is experiencing a meromictic phase would 

help to understand how infrequent to no mixing can influence in lake nutrient dynamics. 

The results confirm previous findings that lakes behave as biogeochemical reactors which retain 

and accumulate nutrients. In addition to previous work, it was evidenced that the retention of Si (75%) 
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and P (79%) are comparable and both are higher than N (45%) retention. As such, the lake has the 

potential to alter the relative amount of nutrients along the hydrographic network with outflowing 

waters more enriched in nitrogen compared to silica and phosphorus than inflowing waters. 

The Si and P retention capacity is likely exacerbated by meromixis. Si and P dynamics are mainly 

governed by sedimentation of particulate forms that are either buried in the sediment or recycled 

through the water column as dissolved forms. Si and P and N-NH4
+ accumulate in the monimolimnion 

due to the absence of water mixing, making unavailable these nutrients to the photic zone, while the 

stratification persists. To better understand the overall processes and nutrients mass balances, further 

researches are needed to explore the Si deposition from atmosphere dust, P speciation in the 

monimolimnetic sediments and denitrification extent, especially in the chemocline.   

In conclusion, the meromixis promotes Si and P retention and likely P limitation in epilimnetic 

waters, leading to a possible and temporary drop of the eutrophication risk, but at the same time cause 

a nutrient disequilibrium in the river emissary. In the long run such an unbalance in favor of N could 

affect the structure of primary producer community in downstream ecosystems as it can favor 

flagellate bloom along with the concurrent decrease of diatoms. These conditions are likely to become 

more severe in the future - exacerbated by the concurrence of eutrophication and climate changes - 

and therefore it seems very important to study the dynamics regulating silica and the other nutrients 

in lakes that are experiencing a reduction of mixing frequency, as well as it is pivotal to explore the 

origin of external nutrient loads, forcing those systems. 
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3. Silica Storage, Fluxes, and Nutrient Stoichiometry in Different Benthic 

Primary Producer Communities in the Littoral Zone of a Deep Subalpine Lake 

(Lake Iseo, Italy) 

 

3.1. Introduction 

Lake functioning depends on size and morphology, with a first distinction being between shallow 

and deep lakes. In shallow lakes, there is a prevalence of either microphytobenthos (MPB) or 

submerged aquatic vegetation (SAV), which control both primary productivity and biogeochemical 

cycles (Scheffer, 1997). Large, deep lakes are dominated by phytoplankton communities, in which 

siliceous algae play a major role in primary productivity and control of nutrient cycling (Salmaso et 

al., 2018). However, with regard to deep lakes, a distinction should be made between holomictic lakes 

and oligomictic and meromictic lakes. In the last two categories, water stratification can persist over 

decades, thus increasing Si retention in the deepest water mass, as was found for other elements 

(Nizzoli et al., 2018; Viaroli et al., 2018). The persistent stratification of the water mass can also 

impede “benthic-pelagic coupling”, i.e., avoidance of recycling of the DSi regenerated from 

sedimentary BSi and amorphous silica to the photic layer (Chapter 2). 

Studies on Si retention by lakes have been mainly concerned with mass balances, taking into 

account input-output differences over a consistent time scale (Frings et al., 2014). This approach 

assumes that lakes are mixed reactors dominated by open waters, but the role of other sub-system 

components are not considered separately, such as the littoral zone. This land-water interface is 

shallow, allowing light to penetrate to the bottom so that benthic primary producers develop 

(Vadeboncoeur & Steinman, 2002; Strayer & Findlay, 2010; Zohary & Ostrovsky, 2011). Here, 

helophytes and macrophytes synthesize and accumulate BSi, thus controlling both stocks and fluxes 

of DSi (Struyf & Conley, 2009, 2012). Helophytes and macrophytes take up DSi from pore-water 

and transform it into BSi, which concentrates in plant tissue for up to 3% of the total dry weight 

(Schoelynck et al., 2010). Once fixed in plant biomass, BSi is gradually released back into the abiotic 

environment as DSi through grazing and biomass decay (Meybeck & Vörösmarty, 2005; Struyf & 

Conley, 2009). Fluxes and export of DSi can be enhanced by fungal and microbial activity, which 

stimulates BSi mineralisation and DSi release from detritus (Alfredsson et al., 2016). In the littoral 

zone, such Si filtering by primary producers is thought to affect the rate of DSi exchange across the 

water-sediment interface, with DSi being transported towards open water (Borrelli et al., 2011; Struyf 

& Conley, 2012). DSi retention also depends on seasonal factors, especially the seasonality of growth 

and decay of littoral primary producers (Struyf & Conley, 2009; Carey & Fulweiler, 2013a). In bare 
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sediments, DSi fluxes are controlled by benthic diatoms and bioturbation driven by benthic fauna 

(Bartoli et al., 2003; Nizzoli et al., 2007). DSi is assimilated to BSi by diatoms in light conditions, 

with the benthic system acting as a net DSi trap. In dark conditions, on the other hand, photosynthesis 

does not occur; the diatom filter is inactive, so the DSi is released back to the water column from 

sediments (Bartoli et al., 2003). Exchanges from sediment to the water column can be further 

accelerated by benthic fauna bioturbation (Nizzoli et al., 2007). 

The littoral zone, either with MPB or SAV and helophytes, is a biogeochemical hotspot, where 

a greater amount of primary productivity and nutrient recycling takes place, together with faster rates 

of mineralization, when compared to the contiguous pelagic and terrestrial areas (Wetzel & Likens, 

1991; Den Heyer & Kalff, 1998; Bruesewitz et al., 2012). The littoral zone, however, is heterogeneous 

and patchy. In fact, there is a mosaic of diverse conditions underlying multiple and differentiated 

ecological functions on account of the substrate structure, the physical and chemical conditions in the 

sediment and water column, disturbance regimes, and inputs of organic matter and nutrients, which 

change radically over time and space (Strayer & Findlay, 2010). Whereas bare and soft sediments are 

largely colonized by benthic microalgae, macroalgal aggregates and phanerogam meadows, rocky 

shores, and hard-substrates host epilithic algae, depending on light penetration and nutrient 

availability. The magnitude of processes driving Si dynamics is thought, therefore, to vary in different 

microhabitats colonized by different primary producers. 

As far as I know, there are very few lake studies regarding the direct measurements of BSi 

accumulation and DSi fluxes across the water-sediment interface, all focusing on bare sediments 

colonized by MPB (Kelderman et al., 1988; Spears et al., 2008), while further research on SAV and 

epilithic macro- and microalgae (EA) needs to be carried out. In littoral areas of lakes, a major focus 

on the magnitude of DSi exchange is not only necessary given its general importance in ecosystem 

functioning, but also because of its influence on N:P:Si stoichiometry, as Si shortage can shift 

phytoplankton composition towards communities dominated by noxious or harmful algae (Glibert, 

2017). Unlike other phytoplankton taxa, diatoms and a few other microalgae, such as Crysophyceans, 

require proportionally more Si relative to N and P, with Si becoming a frequent factor in growth 

limitation (Redfield et al., 1963; Egge & Aksnes, 1992). Only a few studies have examined the 

stoichiometry of nutrient fluxes in salt and freshwater marshes (Van Damme et al., 2009; Carey & 

Fulweiler, 2014), but no research has analyzed DSi fluxes and BSi accumulation in the littoral zone 

of lakes in relation to N and P. 

This study focuses on BSi and DSi storage and fluxes in the littoral zone of Lake Iseo, a deep 

sub-alpine lake located in the north of Italy (Salmaso et al., 2018). The purpose of this research is 

twofold. First, the aim was to analyze stocks, transformations, and fluxes of BSi and DSi during the 
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growth phase of benthic vegetation in different habitats of the littoral zone colonized by diverse 

primary producer communities. The second aim is to analyze and compare the stoichiometry of stocks 

and fluxes in order to understand how different benthic vegetation communities influence N:P:Si 

ratios. The postulate of this work was that the littoral zone of lakes is a natural filter, where DSi is 

assimilated as BSi by macroalgae and microphytobenthos from the water column, and by rhizophytes 

from pore-water. More specifically, the hypothesis is that such BSi and DSi transformations can 

significantly modify the relationships between the reactive forms of Si, N, and P, thus affecting their 

stoichiometry and, ultimately, the responses of primary producer communities. Consequently, the 

main objectives of this study were: (a) to estimate the extent of BSi accumulation in the biomass of 

the most representative primary producers at the local level; (b) to compare BSi accumulation in 

sediments colonized by different benthic vegetation; (c) to quantify DSi fluxes across the water 

sediment interface in relation to the dominant primary producers; and (d) to evaluate how 

heterogeneity affects Si dynamics and stoichiometry relative to reactive N and P. 

 

 

3.2. Materials and Methods 

 

3.2.1. Study Area 

The study was carried out in Lake Iseo, the fourth largest lake in the Alps for its surface and 

volume (60.9 km2, and 7.6 km3, respectively; Figure 15, Table 1). The lake’s main inlets are the River 

Oglio and the Industrial Canal, which contribute ~49% and ~51% of the water inflow                            

(4.1 × 106 m3 d−1), respectively. 

Agricultural use accounts for 22% of the watershed surface, mainly as pastures or rough grazing 

(21.4%). Population density is 109 ind. km−2, while livestock units (1 LSU = 1 adult dairy cow) 

account for 17 LSU km−2. Cattle (18,241 LSU), poultry (8145 LSU) and sheep (2307 LSU) are the 

main farmed livestock (ISTAT, 2010, http://dati. istat.it/). Lake Iseo is meromictic; its trophic status 

is meso-eutrophic due to meromixis (Salmaso & Mosello, 2010) and the influence of anthropic 

activities in the watershed. The water mass is currently completely anoxic, from 100 m depth to the 

bottom (258 m). 
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Figure 15. Location of Lake Iseo (left), and a detailed map of the lake (right) showing the three 

sampling sites (RS = rocky shore; VS = vegetated sediment; BS = bare sediment). 

 

The west shore is steep and rocky, while the eastern side is steep in the northern part but becomes 

progressively flat towards the south. The surface area of the littoral zone is ~5 km2, i.e., 8.2% of the 

total lake surface area. The Secchi disk never exceeds the 4.5 m of depth, limiting the macrophyte 

growth to about 9 – 10 m of depth (Bolpagni et al., 2017). Accordingly, we focused our activities in 

the depth range 0 – 10 m. The coastal morphology is a driver for different benthic primary producer 

communities. Specifically, in the north-west part of the lake, the benthic substrate is composed of 

rocks and pebbles (>90%), which are colonized by epilithic macro- and microalgae (site RS, Figure 

15). The south-east flat coastal area is characterized by a soft bottom substrate, mostly covered by 

meadows of Vallisneria spiralis L. and, to a lesser extent, Najas marina L. (site VS, Figure 15). Here, 

large patches of bare and soft sediment are also colonized by microphytobenthos (site BS, Figure 15). 

 

3.2.2. Monitoring Design and Sampling 

Three sites were compared (RS, VS and BS), each with a different community of benthic primary 

producers: epilithic diatoms and filamentous macroalgae on hard substrate (EA) at the RS site; 

RS BS VS 
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submerged phanerogams (SAV; V. spiralis and N. marina) at the VS site; and microphytobenthos 

(MPB) at the BS site. 

The following sampling period was chosen in order to capture the seasonal growth phase of each 

primary producer assemblage: 12 April, 27 June, and 28 August 2017 at RS; 30 May, 31 July, and    

3 October 2017 at VS and BS. Sampling dates are collectively reported in tables, figures and text as 

Early (late spring – early summer), Mid (midsummer) and Late (late summer – early fall) phases of 

the life cycle of the main components of the benthic primary producer community. 

At the RS site, six stones colonized by periphyton were collected on each sampling date. After 

harvesting, the stones were immediately transferred into six distinct small Plexiglas microcosms 

(inner diameter 10 cm, height 20 cm) with water collected from the site. At the VS site, six sediment 

cores were sampled with Plexiglas tubes (inner diameter 10 cm, height 40 cm) on each date, while at 

the BS site, six cores (inner diameter 8 cm, height 30 cm) were also collected on the same dates. 

Simultaneously, at both VS and BS, five additional sediment cores (inner diameter 4 cm, height          

20 cm) were sampled to establish the chemical and physical characteristics of the surface sediment. 

During sampling, extra care was taken to not disturb the superficial sediment. All samples between 

−1 and −4 m were manually collected by scuba diving. To ensure the maintenance and incubation of 

stones and cores in the laboratory, approximately 100 L of water were taken from each site. 

Once collected, both cores and microcosms were placed in thermal containers, submerged in 

water from the sampling site, and transported within 4 h to the laboratory at the University of Parma. 

Here, sediment cores and stones were housed in a thermostatic room, placed inside aerated incubation 

tanks (75 L) containing lake water from each site, and maintained at the same ambient temperature 

(±1 °C). 

Water temperature and conductivity were determined in situ with a multiparametric probe (YSI 

556). Three water samples were also collected from each site at ~50 cm above the sediment surface. 

Water samples were filtered (Whatman GF/F) and analyzed within 24 h to measure dissolved silica 

(DSi), ammonium (N-NH4
+), nitrate and nitrite (N-NOx), and reactive phosphorus (SRP). Finally, 

total inorganic nitrogen (DIN) was calculated as DIN = N-NH4
+ + N-NOx. 

 

3.2.3. Benthic Fluxes and Benthic Metabolism 

In the laboratory, cores and microcosms were immediately left to stabilize ~12 h in lake water 

with the upper end open and completely submerged. During maintenance and incubation, the water 

inside the cores and microcosms was gently stirred, avoiding sediment resuspension, using magnetic 

stirrers suspended within each core, and driven with a magnet rotated at 40 rpm by an external motor. 

The temperature of the water was maintained at the same ambient temperature of the sampling sites. 
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The day after sampling, the cores were first incubated in darkness and, subsequently, in light to 

measure water sediment fluxes. To begin the incubation, the water level in the tank was lowered 

below the core edges and a water sample was taken from each core to determine the initial chemical 

characteristics. In order to start the incubation process, the upper opening of the cores was closed 

with a floating Plexiglas lid. At the end of the incubation, the cores were opened and the water was 

sampled from each core to determine final chemical characteristics. Fluxes of oxygen and nutrients 

were paired for dark and light incubation –i.e., measured on the same cores. Following the dark 

incubation, the incubation tanks were re-filled with water from the site, the cores re-submerged and 

left uncapped for one hour to re-equilibrate prior to start light incubations. Light conditions were 

obtained with adjustable halogen lamps; light intensity (400–600 µE m−2 s−1) was set on the basis of 

the average daily radiation of the sampling day recorded with a PAR quanto-photo-radiometer (Delta 

OHM, model HD 9021, Padova, Italy). Incubation time for both dark and light conditions ranged 

between 2 and 5 h. Based on previous incubations, the time was set in relation to water temperature 

and the dominant primary producer community inside the cores in order to obtain an oxygen variation 

of <20% of the initial concentration. 

Water samples were collected with plastic syringes. Subsamples were transferred into glass tubes 

(Labco Exetainer©, Lampeter, Wales) to which Winkler reagents were added to determine dissolved 

O2. The remaining water was filtered through Whatman GF/F glass fiber filters: to determine DSi,  

N-NOx and N-NH4
+ samples were stored in polyethylene vials, while to measure SRP, glass tubes 

were used. Analyses for O2 determination were performed immediately after collection; samples for 

determination of SRP and N-NOx were stored at 4 °C and analyzed within 24 h, while samples for 

DSi and N-NH4
+ were frozen and subsequently analyzed. Fluxes of O2 and nutrients were quantified 

as the change over time of the concentration of each parameter using the formula (3) (Nizzoli et al., 

2014): 

 

Fx= 
(Cf-C0)×V

A×∆t
 (3) 

 

where, Fx is the flux of the x chemical species (mg m−2 h−1), Cf is the final concentration of x              

(mg L−1), C0 is the initial concentration of x (mg L−1), V is the volume of the water column (L), ∆t is 

the incubation time (h) and A is the sediment surface area inside the core (m2). 

As a result of the irregular shape of the stones, the surface area of each rock was carefully 

measured using the foil-wrapping technique (Maasri et al., 2008). In short, the surface of each rock 

was wrapped with close-fitting aluminum foil, trimming any excess, and then weighing the foil wrap. 
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A regression equation based on the weight and area relationship of aluminum foil (n = 10) was used 

to convert rock foil wrapping weights to areas. 

Net daily sediment–water fluxes were calculated as the sum of the light and dark rates multiplied 

by the average light and dark phase duration. 

 

3.2.4. Primary Producer Biomass and Sediment Features 

At the end of incubation, the biomass of the primary producers from each intact core and 

microcosm was quantified. 

Filamentous algae and epilithic material were removed from each stone with tweezers and 

brushes. Filamentous algae were rinsed and cleaned to remove epiphyte slime, placed in pre-weighed 

aluminum dishes, and fresh weighed. Subsequently, the algae were oven-dried at 70 °C for two days. 

The dried samples were weighed immediately after being removed from the oven and cooled, then 

ground up and homogenized. The dried biomass was analyzed for BSi, N, and P content. Sediment 

deposited on rocks at the RS site was also collected by carefully scraping the stone surface with a 

spoon and then both fresh and dry weighed, with the dry sediment retained for OM, BSi, N and P 

analysis. 

Cores with macrophytes (site VS) were extracted, flushed with tap water, and filtered through a 

2-mm mesh sieve. The collected plants were further washed with deionized water and sorted by 

species. From each specimen, leaves and roots were separated, rinsed, and cleaned to remove debris, 

epiphytic algae and macro-invertebrates; then placed in pre-weighted aluminum dishes and fresh 

weighed. Subsequently, the material was oven-dried at 70 °C for two days. The dried samples were 

weighed after removal from the oven, cooled, and then ground up, homogenized, and analyzed for 

BSi, N, and P content. 

In the laboratory, cores for sediment characterization were extracted and the upper 0 – 2 and         

2 – 5 cm sediment horizons were retained for subsequent analysis. Microphytobenthos (MPB) 

biomass at the BS and VS site was determined as chlorophyll-a (Chl-a). Phaeopigments (Pha) were 

also determined as a proxy for degraded MPB biomass. The BSi, N and P fixed by MPB were then 

estimated, based on the conversion factor BSi:Chl-a = 14.3:1 g g−1 (Sigmon & Cahoon, 1997) and 

C:Chl-a = 30 g g−1, and converted to N assuming a molar C:N ratio of 9 and to P assuming a molar 

C:P ratio of 158 (de Jonge, 1980; Kahlert, 1998; Sundback et al., 2000). The remaining sediment 

slurry from VS and BS sites was analyzed for OM, BSi, N, and P content. 
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3.2.5. Analytical Methods 

Dissolved oxygen was determined using the Winkler method (APHA, 1998). N-NH4
+ (Koroleff, 

1970), N-NOx (APHA, 1998), SRP (Valderrama, 1981), and DSi (Golterman et al., 1978) were 

determined with standard spectrophotometric methods (Perkin Elmer, Lambda 35). An analytical 

blank that underwent the same procedure as the samples, including filtration, was always analyzed to 

correct for sample contamination. 

Chl-a and Pha were determined spectrophotometrically according to Lorenzen (1967) from 1 cm3 

sediment slurry extracted with 10 mL 90% water-acetone. 

Organic matter was determined as loss on ignition at 550 °C with a standard procedure (Azzoni 

et al., 2015). Total N content was determined using a CHN elemental analyzer (CHNS-O EA 1108 

Carlo Erba), while organic P was determined following Aspila et al. (1976). 

The BSi content of primary producers was analyzed according to Struyf et al. (2005). In short, 

30 mg of dry plant tissue were digested with 30 mL 0.1 M Na2CO3 in polypropylene (PP) bottles. 

During the extraction, samples were constantly shaken for 4 h at 150 rpm in a shaking water bath at 

85 °C. Before the analysis, each sample (1 mL of extraction solution) was neutralized with 9 mL of 

0.021 M HCl and analyzed using the molybdate blue spectrophotometric method (Golterman et al., 

1978). 

The total BSi content of sediments was analyzed following DeMaster (1981), by digesting 30 mg 

of dry sediment with 30 mL of 0.1 M Na2CO3 in polypropylene bottles for 5 h at 85 °C. Subsamples 

were collected after 3, 4 and 5 h and analyzed using the molybdate blue spectrophotometric method 

(Golterman et al., 1978). Before the analysis, each sample (1 mL of extraction solution) was 

neutralized with 9 mL of HCl 0.021 M. To correct for the amount of Si resulting from mineral 

dissolution, the Si content of the subsamples was plotted against dissolution time. The y-axis intercept 

of the linear regression line represents the estimated BSi content. All BSi dissolved within the first   

3 h. 

 

3.2.6. Statistical Analyses 

Flux data were analyzed with three-way generalized least square (GLS) models, which were run 

with condition (light and dark), site (RS, VS, BS), and sampling date (Early, Mid, Late) as the main 

fixed factors (interaction included). To deal with observed heteroscedasticity, it was used the 

argument “weights” within the function gls, and the function varident to specify variance models. An 

a posteriori comparison of the means was performed using a post hoc Tukey test. Statistical analyses 
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were run with the nmle (Pinheiro et al., 2016) and emmeans (Lenth et al., 2018) packages in R 

software v. 3.6.0 (The R Core Team, 2019). 

All results in text, figures and tables are presented as mean ± standard error. 

 

 

3.3. Results 

 

3.3.1. Water and Sediment Characteristics 

The temperature of the littoral waters of Lake Iseo ranged from 15 °C in April to 28 °C in 

midsummer. The chemical characteristics of near-bottom waters differed between sites (Table 4). 

 

Table 4. Dissolved silica (DSi), soluble reactive phosphorus (SRP), ammonium (N-NH4
+), nitrate 

and nitrite (N-NOx) and dissolved inorganic nitrogen (DIN) concentration and DSi:DIN, DSi:SRP 

and DIN:SRP molar ratios in the water column at the three investigated sites (RS = rocky shores; VS 

= vegetated sediments; BS = bare sediments). All data represents the mean of three replicates 

(standard error in parenthesis). 

Water  

Characteristics 

RS VS BS 

Early Mid Late Early Mid Late Early Mid Late 

DSi 

(µg Si L−1) 

57 

(1) 

130 

(5) 

225 

(24) 

404 

(20) 

400 

(39) 

494 

(13) 

137 

(10) 

238 

(10) 

490 

(13) 

SRP 

(µg P L−1) 

2 

(0) 

5 

(1) 

2 

(0) 

4 

(1) 

4 

(0) 

2 

(0) 

5 

(1) 

5 

(1) 

2 

(0) 

N-NOx 

(µg N L−1) 

592 

(4) 

509 

(3) 

538 

(6) 

426 

(7) 

376 

(2) 

442 

(8) 

497 

(8) 

420 

(6) 

485 

(8) 

N-NH4
+ 

(µg N L−1) 

56 

(4) 

85 

(3) 

63 

(3) 

100 

(4) 

94 

(6) 

89 

(3) 

74 

(4) 

55 

(3) 

54 

(5) 

DIN 

(µg N L−1) 

648 

(5) 

595 

(4) 

601 

(6) 

526 

(4) 

470 

(6) 

531 

(9) 

571 

(9) 

476 

(6) 

539 

(10) 

DSi:DIN 

(mol:mol) 

0.04 

(0.00) 

0.11 

(0.00) 

0.19 

(0.02) 

0.39 

(0.02) 

0.42 

(0.04) 

0.47 

(0.01) 

0.12 

(0.01) 

0.25 

(0.01) 

0.46 

(0.01) 

DSi:SRP 

(mol:mol) 

38 

(3) 

31 

(4) 

109 

(13) 

148 

(20) 

155 

(26) 

309 

(29) 

36 

(5) 

65 

(5) 

262 

(32) 

DIN:SRP 

(mol:mol) 

863 

(88) 

293 

(38) 

596 

(42) 

395 

(55) 

348 

(44) 

664 

(57) 

307 

(40) 

262 

(18) 

564 

(56) 
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DSi concentrations were highest at the VS site and lowest at the RS site. While DSi 

concentrations were constant at the VS site, they increased throughout the season, reaching the same 

level as those at the BS site, and to a much lesser extent at the RS site. SRP concentrations were        

<5 µg P L−1 and no differences were found between sites. DIN concentrations and their seasonal 

trends were similar in the three sites, and were mainly driven by N-NOx which accounted for more 

than 80% of DIN on average. The DSi:DIN and DSi:SRP ratios conformed to the DSi concentration 

pattern, the ratios being VS>BS>RS. At both BS and RS, DSi:DIN and DSi:SRP increased 

throughout the season. At BS, values attained those measured at VS, while at RS, values remained 

nearly two times lower. On average, molar ratios DSi:DIN = 0.28, DSi:SRP = 132 and              

DIN:SRP = 37 evidenced that DSi concentrations in the water column were low compared to DIN. 

SRP was deficient with respect to both DIN and DSi, especially at RS. 

The surface sediment was similar at the VS and BS sites - soft and homogenous - although OM, 

N, and P were slightly greater at VS than at BS (Table 5). 

The percent of OM and nutrient content was comparatively higher at station RS, where the 

sediment was probably enriched by the biomass growing on stones. Accordingly, the average 

sedimentary BSi concentration was higher at RS (1.00 ± 0.17%) compared to VS (0.79 ± 0.03%) and 

BS (0.46 ± 0.02%). Similar patterns were also found for total N (0.50 ± 0.08% at RS, 0.33 ± 0.01% 

at VS, and 0.21 ± 0.00% at BS), and organic P (ranging from 0.11% at RS to 0.01% at both VS and 

BS). The BSi:N:P stoichiometry highlighted how BSi, when compared to N and P, accumulated 

preferentially in sediments at VS and BS rather than at RS. While the variation in the BSi:N molar 

ratio exhibited a narrow range (from 0.72 to 1.38 at all sites), the N:P molar ratio was approximately 

10 times lower at RS compared to VS and BS. BSi:P ratios were also higher at VS and BS than at 

RS, though to a lesser extent. 
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Table 5. Content of organic matter (OM), biogenic silica (BSi), total nitrogen (N), organic 

phosphorous (P), chlorophyll a (Chl-a), and phaeopigments (Pha) and BSi:N, BSi:P and N:P molar 

ratios in sediment at the three investigated sites (RS = rocky shores; VS = vegetated sediments; BS 

= bare sediments). All data represents the mean ± standard error (standard error in parenthesis),       

n.a. = not available. 

Sediment  

characteristics 

RS VS BS 

Early Mid Late Early Mid Late Early Mid Late 

OM 

(% DW) 
n.a. 7.23 8.72 

4.46 

(0.33) 

4.00 

(0.27) 

4.30 

(0.04) 

2.57 

(0.15) 

2.57 

(0.05) 

2.78 

(0.23) 

BSi 

(% DW) 
n.a. 

0.78 

(0.02) 

1.08 

(0.03) 

0.89 

(0.04) 

0.72 

(0.05) 

0.82 

(0.06) 

0.54 

(0.01) 

0.46 

(0.02) 

0.41 

(0.03) 

P 

(% DW) 
n.a. 0.10 0.12 

0.01 

(0.00) 

0.01 

(0.00) 

0.01 

(0.00) 

0.01 

(0.00) 

0.01 

(0.00) 

0.01 

(0.00) 

N 

(% DW) 
n.a. 0.42 0.58 

0.32 

(0.01) 

0.31 

(0.00) 

0.35 

(0.00) 

0.21 

(0.01) 

0.20 

(0.01) 

0.21 

(0.01) 

BSi:N  

(mol:mol) 
n.a. 0.98 0.72 

1.37 

(0.01) 

1.16 

(0.08) 

1.16 

(0.06) 

1.27 

(0.03) 

1.19 

(0.05) 

0.98 

(0.05) 

BSi:P  

(mol:mol) 
n.a. 9.07 7.49 

77 

(1) 

66 

(4) 

67 

(3) 

91 

(4) 

79 

(2) 

56 

(6) 

N:P  

(mol:mol) 
n.a. 9.23 10.35 

57 

(2) 

58 

(2) 

58 

(2) 

72 

(4) 

66 

(1) 

57 

(3) 

Chl-a  

(mg m−2) 
n.a. 

21 

(3) 

42 

(7) 

141 

(5) 

190 

(23) 

196 

(22) 

193 

(34) 

220 

(15) 

288 

(12) 

Pha 

(mg m−2) 
n.a. 

5 

(1) 

7 

(1) 

146 

(1) 

97 

(10) 

136 

(12) 

55 

(9) 

40 

(3) 

79 

(4) 

 

 

On the areal basis, the total quantity of OM, N, and P in the 0–2 cm sediment horizon was almost 

constant within each site, but with differences between sites, with VS > BS >> RS (Table 6). The BSi 

bulk decreased from early to late phases at both VS (33.4 to 23.8 mg Si m−2) and BS                             

(25.9 to 20.2 mg Si m−2), whereas it increased at RS (0.5 to 0.8 mg Si m−2) (Table 6). 

 

 

 

 

 



49 

 

Table 6. Features of organic matter (OM), biogenic silica (BSi), organic nitrogen (N), organic 

phosphorous (P), chlorophyll a (Chl-a) and phaeopigments (Pha) and BSi:N, BSi:P and N:P molar 

ratios in the 0-2 cm sediment horizon at the three investigated sites (RS = rocky shores;                         

VS = vegetated sediments; BS = bare sediments). All the data are mean ± standard error (standard 

error in parenthesis), n.a. = not available. 

 RS VS BS 

 Early Mid Late Early Mid Late Early Mid Late 

OM 

(g m-2) 
n.a. 767 1500 

539 

(30) 

479 

(23) 

500 

(15) 

329 

(18) 

333 

(5) 

358 

(23) 

BSi 

(g m-2) 
n.a. 

0.47 

(0.06) 

0.75 

(0.09) 

33 

(1) 

25 

(1) 

24 

(1) 

26 

(1) 

24 

(1) 

20 

(1) 

P 

(g m-2) 
n.a. 

0.06 

(0.01) 

0.11 

(0.01) 

0.48 

(0.00) 

0.43 

(0.01) 

0.39 

(0.01) 

0.32 

(0.02) 

0.34 

(0.01) 

0.41 

(0.03) 

N 

(g m-2) 
n.a. 

0.24 

(0.03) 

0.52 

(0.06) 

4.86 

(0.14) 

4.39 

(0.13) 

4.10 

(0.20) 

4.08 

(0.03) 

4.04 

(0.09) 

4.22 

(0.15) 

BSi:N 

(mol:mol) 
n.a. 0.98 0.72 

1.37 

(0.01) 

1.16 

(0.08) 

1.16 

(0.06) 

1.27 

(0.03) 

1.19 

(0.05) 

0.98 

(0.05) 

BSi:P 

(mol:mol) 
n.a. 9.07 7.49 

77 

(1) 

66 

(4) 

67 

(3) 

91 

(4) 

79 

(2) 

56 

(6) 

N:P 

(mol:mol) 
n.a. 9.23 10.35 

57 

(2) 

58 

(2) 

58 

(2) 

72 

(4) 

66 

(1) 

57 

(3) 

Cha 

(mg m-2) 
n.a. 

21 

(3) 

42 

(7) 

140 

(5) 

190 

(23) 

196 

(22) 

193 

(34) 

220 

(15) 

288 

(12) 

Pha 

(mg m-2) 
n.a. 

5 

(1) 

7 

(1) 

146 

(1) 

97 

(9) 

136 

(12) 

55 

(9) 

40 

(3) 

79 

(4) 

 

 

3.3.2. Primary Producer Biomass and Elemental Composition 

The benthic community at RS was dominated by filamentous epilithic macroalgae (EA), 

specifically by Cladophora glomerata (Linnaeus) Kützing in late spring to early summer, and by 

Spirogyra spp. in late summer (Table 7). To sum up, the total biomass of filamentous algae decreased 

from early (63 ± 19 g DW m−2) to late summer (39 ± 22 g DW m−2). At the VS site, SAV biomass 

followed a clear seasonal pattern with the highest values in midsummer (Table 7). The SAV was 

mainly composed of Vallisneria spiralis and, to a lesser extent, of Najas marina. Chara globularis 

Thuiller, Lagarosiphon major (Ridl.) Moss, Myriophyllum spicatum L., Ceratophyllum demersum L., 

and Elodea nuttallii (Planch.) H. St. John occurred occasionally, contributing up to a maximum of 

25% of the total biomass. At the BS site, the bare sediment was colonized by MPB, with Chl-a values 

ranging from 193 to 288 mg m−2 (Table 5). Here, rare and small individuals of C. globularis were 

also detected, but with negligible biomass. Microalgae also colonized hard substrata and sediment at 

RS and VS, attaining Chl-a concentrations from between 21 (RS) and 196 (VS) mg m−2 (Table 5). 
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The Pha content, a proxy for degraded vegetal biomass, clearly decreased from macrophyte covered 

to bare sediments and hard substrates in the order VS > BS > RS (Table 5). 

 

Table 7. Biomass (B, g DW m−2), biogenic silica (BSi, %), nitrogen (N, %) and phosphorus (P, %) 

content and BSi:N, BSi:P and N:P molar ratios in filamentous algae and macrophytes (leaves and 

roots). All data represents mean ± standard error (standard error in parenthesis), n.a. = not available. 

Primary producer  Seasonal phase B BSi N P BSi:N BSi:P N:P 

Filamentous algae  

Early 
62 

(19) 

3.36 

(1.03) 

0.86 

(0.26) 

0.07 

(0.02) 
0.98 62 63 

Mid 
48 

(21) 

1.41 

(0.40) 

0.23 

(0.06) 

0.01 

(0.00) 
1.54 141 91 

Late 
30 

(22) 

0.75 

(0.20) 

0.19 

(0.05) 

0.01 

(0.00) 
0.98 106 108 

Vallisneria spiralis 

Leaves 

Early 
99 

(36) 
0.72 3.64 0.22 0.10 4 37 

Mid 
206 

(16) 
1.00 2.35 0.13 0.21 9 40 

Late 
117 

(11) 
0.91 2.45 0.10 0.19 10 54 

Roots 

Early 
60 

(22) 
0.48 2.92 0.16 0.08 3 40 

Mid 
125 

(9) 
0.50 2.61 0.17 0.10 3 34 

Late 
70 

(13) 
0.33 3.32 0.16 0.05 2 46 

Najas marina 

Leaves 

Early 4 n.a. n.a. n.a. n.a. n.a. n.a. 

Mid 
97 

(27) 
0.64 2.82 0.27 0.11 3 23 

Late 
54 

(17) 
0.85 1.95 0.15 0.22 6 29 

Roots 

Early n.a. n.a. n.a. n.a. n.a. n.a. n.a. 

Mid 15 (4) 0.61 1.83 0.12 0.17 6 34 

Late n.a. n.a. n.a. n.a. n.a. n.a. n.a. 

 

 

The BSi content was greater in the biomass of C. glomerata and Spirogyra ssp. (up to 5.5%) 

compared to the content recorded in V. spiralis and N. marina (up to 1.1%). In V. spiralis, the BSi 

content was higher in leaves than in roots, and was greater than in N. marina, in which roots and 

leaves exhibited a similar content (Table 7). In contrast, N and P content in filamentous algae were 
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1.7 – 3.0 times lower than in macrophytes, attaining values from 2.3 to 3.6% (N) and from 0.10 to 

0.22% (P) in the above ground biomass of V. spiralis, and from 1.9 to 2.8% (N) and from 0.15 to 

0.27% (P) in the above ground biomass of N. marina. In the same way, N and P content in 

belowground biomass were similar to those recorded above ground (Table 7). As a consequence the 

BSi:N:P stoichiometry in plant biomass differed between sites. At RS, the BSi:N molar ratio of 

macroalgae ranged from 2.0 to 3.1 and the BSi:P molar ratio ranged from 56 to 127, both attaining 

maximum values in midsummer. 

Concurrently, the N:P molar ratio increased from 29 in spring to 49 in late summer. At VS, both 

BSi:N and BSi:P in macrophytes biomass were much lower, i.e., 0.06 to 0.19 (BSi:N) and 2.5 to 9.2 

(BSi:P). Furthermore, the BSi:P ratio was greater in the leaves than in the roots of V. spiralis. 

The standing stocks of BSi, N and P (Figure 16) retained by primary producer biomass varied 

between sites and throughout the season. The BSi stock was greater at RS than at VS. At RS, BSi 

underwent an abrupt decrease in midsummer, attaining a value similar to VS in late summer. In 

contrast, at the BS site, BSi associated with MPB progressively increased and was much greater than 

at RS and VS, especially from midsummer onwards. 

At the VS site, BSi was mostly retained by the leaves, while only a small fraction accumulated 

in the roots. Both N and P stocks followed a different pattern, i.e., VS > BS > RS. However, while 

biomass-N decreased throughout the summer at both RS and VS, it remained steadily constant at BS. 

In addition, at VS, the nitrogen decrease was mainly accounted for by leaves, while it accumulated in 

roots in late summer. The P stocks accounted for by the different primary producer assemblages was 

always low and often negligible, when compared to BSi and N. 

 

  

Figure 16. Biogenic silica (BSi), nitrogen (N), and phosphorus (P) stocks in the primary producer 

biomass in the three sampling periods. Error bars represent standard error (n = 6). Legend: RS = 

rocky shores; VS = vegetated sediments; BS = bare sediments. At site BS, BSi, N, and P were 

estimated from sedimentary Chl-a. 
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3.3.3. Oxygen Fluxes and Gross Primary Production 

Oxygen fluxes differed significantly between light and dark conditions, among sites, and 

throughout the season (Figure 17, Table 8). At RS, both light and dark oxygen fluxes, as well as the 

resulting gross primary production (GPP), decreased from the early phase to the late seasonal phase. 

In contrast, at VS and, to a lesser extent, at BS, both dark and light fluxes and GPP peaked in 

midsummer. 

 

Table 8. Summary of the results of two-way generalized least square (GLS) models of benthic 

oxygen (O2), dissolved silica (DSi), soluble reactive phosphorus (SRP), nitrate and nitrite (N-NOx), 

ammonium (N-NH4
+) and dissolved inorganic nitrogen (DIN) fluxes. Significant (p <0.05) outcomes 

are highlighted in bold. 

Source of Variation DF O2 DSi SRP N-NOx N-NH4
+ DIN 

Site 2 <0.001 <0.001 <0.050 <0.001 <0.001 <0.001 

Condition 1 <0.001 0.182 0.811 0.224 <0.001 <0.001 

Sampling date 2 0.210 0.185 0.263 <0.001 <0.001 0.109 

Site*Condition 2 <0.001 0.703 0.304 0.699 0.067 0.601 

Site* Sampling date 4 <0.001 <0.001 0.467 0.346 <0.001 0.946 

Condition* Sampling date 2 <0.001 0.108 0.587 0.488 <0.001 <0.010 

Site*Condition* Sampling date 4 <0.001 0.550 0.533 <0.001 0.879 <0.050 

 

 

Figure 17. Light and dark oxygen fluxes (O2) and gross primary production (GPP) measured in the 

three sampling sites in the different sampling dates. Error bars represent standard error (n = 6). 

Legend: RS = rocky shores; VS = vegetated sediments; BS = bare sediments. 
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At VS, the daily net oxygen flux was always negative, with a minimum in early summer      

(−2156 ± 417 mg O2 m
−2 d−1). On the contrary, the net daily oxygen flux was positive at RS in the 

early phase at its peak (834 ± 269 mg O2 m
−2 d−1) and in midsummer (582 ± 42 mg O2 m

−2 d−1), 

becoming negative only in the late phase (−185 ± 67 mg O2 m
−2 d−1). At BS, a slightly positive trend 

occurred during the sampled period: daily oxygen fluxes oscillated from a negative value in early 

summer (−590 ± 144 mg O2 m
−2 d−1) to a positive value in late summer (322 ± 96 mg O2 m

−2 d−1). 

 

3.3.4. Nutrient Fluxes across the Water Sediment Interface 

Differences in dissolved silica (DSi) fluxes were statistically significant between sites, but 

showed no evident difference between light and dark conditions or between dates (Figure 18; Table 

8). The interaction between sites and seasonal phases was probably due to the steep decrease of DSi 

fluxes from late spring to mid-summer at the VS site. At the RS site, DSi fluxes were steadily negative 

from spring to fall, indicating a consistent uptake, although on average the extent of the flux was low. 

Dark silica fluxes were always positive at VS, while under light condition, they decreased from a 

marked release in late spring to a small uptake in late summer. 

Over the time span of this study, daily fluxes of DSi were on average negative at the RS site  

(−20 ± 6 mg Si m−2 d−1), which indicates uptake by epilithic algae and sediment. Conversely, they 

were positive at the VS site (121 ± 49 mg Si m−2 d−1) and the BS site (34 ± 19 mg Si m−2 d−1), 

highlighting a net DSi release, even in late summer, when a small uptake was detected under light 

conditions. 

Fluxes of soluble reactive phosphorus (SRP) were low and exhibited a large amount of 

variability, ranging from −0.5 to 0.7 mg P m−2 d−1 (Figure 18). Only the differences between sites 

were statistically significant (Table 8). However, weak seasonal patterns were also identified at BS, 

where uptake under light decreased from the early to the late phase, whereas SRP release from 

sediment to the water column simultaneously increased. At the VS site, SRP was mainly released 

from sediment to the water column, with the only exception of a slight uptake in midsummer, when 

GPP peaked. 

N-NOx fluxes were statistically different between sites and dates (Table 8). At the RS site, they 

were negligible, exhibiting a large amount of variability, while at VS and BS, uptakes up to almost 

−10 mg N m−2 h−1 were detected in early summer (Figure 18). Patterns of N-NH4
+ fluxes were almost 

specular to N-NOx, as N-NH4
+ was steadily released from the sediment to the water column. 

Differences between sites and with relation to light and dark conditions were also clearly evidenced 

(Figure 18, Table 8). 
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Figure 18. Light and dark fluxes of dissolved silica (DSi), soluble reactive phosphorus (SRP), nitrate 

and nitrite (N-NOx), and ammonium (N-NH4
+) measured in the three sampling sites at the different 

dates. Error bars represent standard error (n = 6). Legend: RS = rocky shores; VS = vegetated 

sediments; BS = bare sediments. 
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To some extent, the benthic system was a net sink of dissolved inorganic nitrogen (DIN) under 

light conditions at VS and BS, while dark flux data was strongly affected by spatial and temporal 

heterogeneity. In contrast, the benthic system was a small DIN source (0.6 ± 0.2 mg N m−2 h−1) at 

RS. Differences between sites were also revealed by the stoichiometry of DSi, DIN, and SRP fluxes, 

with RS behaving in a much more diverse way than BS and VS (Figure 19). 

 

 

Figure 19. Average DSi:DIN (a) and DSi:SRP (b) ratios of benthic fluxes under light and dark 

conditions in the three sampling sites. Error bars represent standard error (n = 18). Legend:                  

RS = rocky shores; VS = vegetated sediments; BS = bare sediments. 
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Table 9. Sedimentary DSi fluxes (µg Si m−2 h−1) and BSi content (%) in sediments of different 

aquatic ecosystems. Legend: MPB = microphytobenthos, bare = bare sediment, algal = benthic 

macroalgae. 

Reference System 
Depth  

(m) 
Condition 

DSi Flux  

(mg Si m−2 h−1) 

BSi  

(%) 
Method * 

(Newberry & Schelske, 1986) lake  Bare 2.3 – 4.6 10.2 – 15.9 1 

(Kelderman et al., 1988) lake 3 MPB −1.6 –11.5   

(Conley et al., 1988) lake  Bare 2.6 – 11.8 1.0 – 22.0 2 

(House et al., 2000) river  Bare 1.0 – 4.0   

(Bartoli et al., 2003) coastal lagoon  MPB 
light −0.01 ± 0.08 

dark 1.40 ± 0.20 
  

(Friedrich et al., 2003) coastal lagoon 2 – 4 
Bare 1.2 – 29.9   

Uptake 3.8 – 28.7   

(Ferris & Lehman, 2007) lake 5 – 10 Bare 3.1 ± 0.3 1.7 1 

(Spears et al., 2008) lake 3.9 MPB 
light −2.3 – 21.9 

dark −2.0 – 15.13 
  

(Hobbs et al., 2010) lake 20 Bare 0.05 0.4 – 1.5 1 

(Trachsel et al., 2010) lake  Bare 0.1 – 3.4 0.2 – 1.4 1 

(Tallberg et al., 2013) coastal 33 Algal 0.28 – 3.36   

(Aigars et al., 2015) coastal 44 – 45 Bare 1.1 – 2.9   

(Tallberg et al., 2017) costal 2 – 7 Bare 0.7 – 5.7   

* Method used to analyze BSi: Na2CO3 (1) and NaOH (2). 

 

The littoral zone is a filter between terrestrial and aquatic ecosystems, which can retain or release 

DSi, DIN, and SRP through primary production, grazing, detritus decomposition and mineralization, 

etc. (Wetzel & Likens, 1991). In general terms, the results identify the components of the benthic 

communities that primarily account for the filtering capacity of lakes and lentic waters. In addition, 

lentic waters are key components of fluvial filters, which can selectively remove, retain, or release 

nutrients and chemical elements into outflowing waters (Ittekkot et al., 2000; Meybeck & 

Vörösmarty, 2005). 

The comparative contribution of SAV, MPB and EA to BSi storage and DSi fluxes is shown in 

Figure 20. Surprisingly, despite the fact that the primary producers considered in this study 

accumulated BSi, the littoral zone was on average a DSi source to the water column, especially the 

SAV meadow. However, the littoral zone was heterogeneous and patchy with two contrasting features 

that depend on hydro-morphology – i.e., flat, soft sediments and steep, hard (rocks and pebbles) 
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substrates – which in turn shape the dominant community. On account of these differences, process 

rates and DSi outcomes were variable between the littoral communities due to the fact that the primary 

producers colonizing each area exhibited a distinct preference for Si. The SAV meadows and MPB 

patches were a net DSi source, while only EA assemblages on rocky substrates were a net sink. 

 

3.4.1. BSi Storage in Primary Producer Biomass and Surficial Sediment and BSi, N, and P 

Stoichiometry 

Submerged vegetation in the littoral zone accumulated Si, but differences among species were 

observed. As far as I know, this study is the first to report data on BSi content in Vallisneria spiralis, 

since previously published data gathered from Lake Maggiore by Gommes & Muntau (1981) did not 

distinguish between BSi and other Si forms. In addition, only a single value was found (BSi = 0.02%) 

for Najas marina, which grew in a turbulent, turbid, and presumably light-limited aquatic system 

(Xing et al., 2013). The BSi content of SAV species measured in this study falls in the lower range 

of values (0.7 – 2.8%) detected for phanerogam species in shallow freshwater ecosystems, including 

running waters (Schoelynck et al., 2010; Schaller et al., 2016; Schoelynck & Struyf, 2016). Usually, 

macrophytes are expected to have a lower BSi content in lakes than in rivers, since physical stressors, 

e.g., current velocity and turbulence, can stimulate BSi assimilation, thus conferring resistance against 

drag forces (Schoelynck et al., 2012). 

In N. marina, the Si, N, and P stoichiometry in the above- and below-ground biomass was similar. 

On the contrary, V. spiralis tended to accumulate more BSi in its leaves, also with respect to N and 

P, than in its roots. The difference between species can be explained by the ability of V. spiralis to 

exploit deep sediment layers, thanks to its long roots. Studies in the same area of Lake Iseo 

demonstrate that DSi concentrations are greater in pore waters of bare sediments than in sediments 

colonized by V. spiralis (Racchetti et al., 2011). SAV species can, therefore, increment the transport 

of Si from sediment to the water mass. This capacity to take up DSi is reduced by organic enrichment 

of sediment, as demonstrated for N and P (Soana et al., 2015). 

In rocky shores, the strong dominance of diatoms and the high Si:N and Si:P ratios in macroalgae 

tissues can account for Si accumulation, exceeding N and especially P uptake, despite a lower plant 

biomass (Bartoli et al., 2003; Carrick & Lowe, 2007; Malkin et al., 2009; Cao et al., 2019). It was 

found that the P content in epilithic biomass was close to or below the lower limit of the optimal 

range for growth (0.01 – 0.02%) reported for epilithic primary producers (Müller, 1983; Riber et al., 

1983; Swift & Nicholas, 1987; Grimshaw et al., 1993). The actual molar C:N:P = 443:23:1 at RS also 

evidenced a P and, to a lesser extent, N shortage, when compared to the optimal ratio for periphyton 

growth, i.e., C:N:P = 119:17:1 (Hillebrand & Sommer, 1999). In contrast with what was found at the 
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RS site, SAV species at VS efficiently accumulated N and P. These elements exhibited a seasonal 

pattern similar to the BSi one, with a peak in the early phase and a sharp decrease in the later part of 

the season (Figure 16). Such a pattern can be explained by both leaf detachment (Pinardi et al., 2009; 

Ghirardi et al., 2019) and element translocation from leaves to roots and rhizomes. Both processes 

usually occur at the end of the vegetative growth phase. 

The BSi stock was high at VS and less high at RS, but values were comparable with those of 

other studies (Malkin et al., 2009; Schoelynck et al., 2010, 2012; Carey & Fulweiler, 2013a; Schaller 

et al., 2016; Schoelynck & Struyf, 2016). In these analysis, the BSi bulk was on average                          

24 – 33 g Si m−2 in the SAV meadow, of which 6 – 12% was accounted for by MPB and by SAV 

fresh detritus, while in bare sediments at BS, BSi was 20 – 25 g Si m−2, of which 11–20% was from 

MPB (Table 6). In contrast, the BSi stock at RS was one order of magnitude lower than VS and BS 

sites and comprised between 2 – 4 g Si m−2, of which 60 – 80% was from epilithic macro- and 

microalgae. Accumulated debris at the rocky site contributed only 0.47 – 0.75 g Si m−2. The nutrients 

stored in the biomass were relevant compared to the nutrient content in the overlying water. At RS 

and BS sites, BSi in primary producers resulted one order of magnitude higher than DSi in overlying 

water, while at the VS site, it was four times higher than DSi in overlying water (Figure 20). 

In this study, it was not quantify the amount of Si retained in the biomass of epiphytes growing 

on SAV leaves and filamentous macroalgae. Previous studies reported that epiphyte biomass on 

macrophytes varies greatly, from a negligible amount up to the same quantity as the host biomass, 

and depends on plant morphology, light, nutrient availability, and allopathic effects (Toporowska et 

al., 2008; Pettit et al., 2016). The BSi stocks in SAV and EA communities in this study should, 

therefore, be considered as a conservative estimate, since the microalgal epilithic community is 

commonly depicted as being very efficient in storing and retaining nutrients (Vadeboncoeur & 

Steinman, 2002). Additionally, diatoms are an important component of the epiphytic communities 

(Burkholder & Wetzel, 1989; Cattaneo et al., 1998; Malkin et al., 2009) and accumulate a large 

quantity of BSi. For example, epiphytic diatoms on Cladophora glomerata can store up to ~15% BSi, 

a larger amount than the BSi content stored by C. glomerata itself (Malkin et al., 2009). 
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Figure 20. Average water column concentrations, main fluxes, and compartments of Si, N, and P. 

Fluxes are reported as g m−2 d−1, while water concentrations, sediment, microphytobenthos (MPB), 

epilithic matter (EM), filamentous matter (FM), leaves and roots contents are reported as g m−2. 

Standard error is shown in parenthesis. The size of numbers and letters is proportional to flux and 

stock extent. 
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3.4.2. DSi, DIN, and SRP Fluxes across the Water Sediment Interface 

Over 4 months, from June to September, in the 0 – 2 cm sediment horizon in V. spiralis 

meadows, an average BSi decrease of 9.6 g Si m−2 was estimated, representing the difference between 

the initial and final areal BSi concentrations (Table 6). In the same site, the average DSi release from 

sediment to the water column obtained from net daily fluxes integrated over the same time span 

(Figure 20) was 12.8 g Si m−2. At the BS site in the bare sediment, the BSi loss from the 0 – 2 cm 

horizon calculated in the same way was 5.7 g Si m−2, while the net DSi efflux for the same period 

was 3.9 g Si m−2. The concordance between the decrease of sedimentary BSi bulk and fluxes 

demonstrates how both vegetated and bare sediments were a net source of DSi, probably resulting 

from BSi dissolution, with the DSi efflux from the SAV meadow being almost three times greater 

than in bare sediment. These findings corroborate the hypothesis that SAV can mediate the DSi 

transport from pore water to the water column. Otherwise, silica fluxes were important when 

compared to overlying water: the DSi released at BS and VS sites represented 4.2% and 9.3% of DSi 

in the water column. 

At both the VS and BS site, BSi decreased mainly during the early part of the season, with a 

negligible amount of efflux from sediment in late summer. Furthermore, the sedimentary DSi flux 

under both light and dark conditions was related to the sedimentary areal BSi (Figure 21). This pattern 

was probably due to the fast decay of detrital BSi from different sources, primarily SAV and its 

epiphytes, which are known to have a short half-life of just a few weeks (Spears et al., 2008). It is 

likely that part of the lost BSi was taken up and retained by SAV, but then exported from the meadow 

as detached leaves (Ghirardi et al., 2019). The Si assimilation by MPB accounted for a slight BSi 

increase at the BS site (Figure 16) but, at <1 g m−2, it was not sufficient to compensate for the total 

BSi loss. In contrast, the rocky site accumulated BSi and the DSi flux was always directed from the 

water column to the epilithic algal community. DSi uptake at this site can be explained by the higher 

Si demand of the EA community, as evidenced by the higher BSi content in macroalgal tissues. 

However, despite the higher BSi tissue concentration, the total BSi bulk at this site was one order of 

magnitude lower than in SAV meadows and bare sediments as a consequence of lower plant biomass 

and sediment accumulation on rock surfaces. 

 



61 

 

 

Figure 21. Average Si content in sediments and Si benthic fluxes under light and dark conditions in 

the three sampling sites. Error bars represent standard error. 

 

To sum up, from late spring to late summer, the soft bottom in the littoral zone of Lake Iseo 

appeared to perform as a DSi source and, comparatively, as DIN and SRP sink, whereas the steep, 

rocky shore behaved as a DSi sink and DIN and SRP source. Such DIN and SRP patterns are not 

unexpected because in shallow and soft organic sediments, nitrate can be denitrified (Nizzoli et al., 

2014, 2018), while SRP can be either assimilated or co-precipitated (Moore et al., 1998; Reynolds & 

Davies, 2001; Pinardi et al., 2009). Moreover, the high Si:N and Si:P ratios in macroalgal tissues can 

explain the Si consumption in RS, which exceeds N and especially P uptake. 

 

3.4.3. The Fate of DSi in the Littoral Zone in Relation to Submerged Aquatic Vegetation 

Human activity and its impact on lake ecosystems is mainly concentrated along the shore, where 

the coupling of terrestrial and aquatic systems is particularly evident (Francis et al., 2007). Urban 

development, fluctuation of water levels, tourism, and pollution from diffuse or point sources 

contribute to the direct or indirect impairment of the structure and composition of benthic primary 

producer communities. The results of this work pose the question of whether modification of the 

littoral zone alters its filtering capacity and ultimately the availability of DSi in the water column. 

The filtering capacity of littoral zones can be impaired by eutrophication and degenerative 

processes resulting from organic enrichment (Viaroli et al., 2008; Soana et al., 2015). Like many 

other littoral zones, the southern part of Lake Iseo is under the influence of coastal runoff (Barone et 

al., 2019). Such stressors can affect the health status of the extensive SAV meadows, which also 
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undergo a great inter-annual variability (Ghirardi et al., 2019). Here, in soft, shallow sediments, 

meadows of V. spiralis, and to a much lesser extent N. marina, can produce dense biomass covering 

up to 100 ha, while zones with sparse SAV usually spread over an additional 300 – 400 ha (Ghirardi 

et al., 2019). In eutrophic waters, V. spiralis develops a large leaf mass, which is known to detach 

and drift due to waves and currents (Donnermeyer & Smart, 1985; Pinardi et al., 2009). In the River 

Mincio, close to Lake Iseo, during the maximum growth phase, a very rapid leaf renewal was reported 

with plastochrone intervals of ~3 days (Pinardi et al., 2009). Under these conditions, the standing 

biomass is affected by a consistent leaf loss, resulting in a floating mass, which can also be detected 

in satellite images (Ghirardi et al., 2019). In addition, V. spiralis often undergoes uprooting, which 

exposes bare sediments to microphytobenthos colonization. Uprooting can be triggered by the organic 

enrichment of sediment, which stimulates oxygen consumption, exceeding the capacity of V. spiralis 

to supply oxygen to the rhizosphere (Soana et al., 2015). The oxygen balance in the rhizosphere can 

be also impaired by epiphytes growing on leaves as they settle, thus accreting organic deposits on the 

surface sediment (Viaroli et al., 1996). Simultaneously, the epiphyte cover can limit light accessibility 

to V. spiralis, negatively affecting photosynthesis and oxygen transport to roots, which triggers a 

negative feedback loop leading to plant dieback (Viaroli et al., 2008; Soana et al., 2015). In 2017, in 

the littoral meadows of Lake Iseo, a bare sediment zone up to 67 ha was exposed as a result of 

uprooting, and was probably replaced by MPB (Ghirardi et al., 2019). In the light of this development, 

the question arose as to how this large-scale loss of SAV communities alters Si cycling at the land–

water interface. When SAV was active, the DSi flux towards the water column was 12.8 g Si m−2 

during the entire summer, while in the same zone and during the same period, the bare sediment 

released only 3.9 g Si m−2. The disappearance of pristine SAV communities could, therefore, 

potentially decrease DSi recycling and its availability in the water column, with direct repercussions 

on phytoplankton species composition, as Si shortage strongly impacts phytoplankton, driving the 

communities towards ones dominated by noxious or harmful algae (Glibert, 2017). 

 

 

3.5. Conclusions 

One of the main findings of this study is that macro- and microalgae communities on rocky 

substrates behave as a DSi sink and are a source of inorganic nitrogen and phosphorus for the water 

column. In contrast, littoral sediments colonized by submerged aquatic vegetation and 

microphytobenthos behave as a DSi source for the water column and as a sink for inorganic nitrogen 

and phosphorus. Vallisneria spiralis, in particular, can transfer DSi from pore-water to the overlying 

water column through BSi synthesis and mineralization. This pathway can be a relevant DSi source, 
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compensating or at least contrasting Si losses due to sedimentation and segregation in the deeper 

water mass as shown and discussed in Chapter 2. This is a key issue for oligomictic and, especially, 

meromictic lakes, which do not completely overturn.  

The capacity of SAV to simultaneously control both Si and N and P cycling depends on the health 

status of the community. This aspect should not be ignored when considering the anthropogenic 

impact from watersheds and lake surroundings. Recent studies have demonstrated that SAV meadows 

can suffer deterioration and leaf detachment at a greater rate than the expected physiological one, 

with even uprooting events taking place. A challenging issue is to assess what the fate of such organic 

matter bulk is, and how this can contribute to self-sustain lake deterioration. 

  



64 

 

4. Speciation and Stoichiometry of Silica, Nitrogen and Phosphorus in Riverbed 

Sediments in Relation to Hydrological Variability 

 

4.1. Introduction 

Multiple pressures and impacts due to climate change and local hydrological and morphological 

alterations are increasingly threatening aquatic ecosystems (Bouwman et al., 2013; Carey & 

Fulweiler, 2013a; Datry et al., 2017b; Maranger et al., 2018). In particular, lotic ecosystems have 

been recognized as extremely sensitive (Sala et al., 2000; Hotaling et al., 2017). Hydrology is 

expected to meet deep modifications, with many riverine systems experiencing altered flow regimes, 

marked by higher occurrence of extreme events (floods and droughts) in terms of frequency, intensity 

and unpredictability (Cooper et al., 2013; Acreman et al., 2014; Acuña et al., 2014). These 

modifications influence abiotic features, biotic community structure, ecosystem functioning and 

service provision (Schimel et al., 2007; Bonada & Resh, 2013; Arce et al., 2014; Abril et al., 2016). 

Changes in water flow are particularly accentuated during the summer period when water diversion 

and groundwater extraction, associated with low precipitation and land‐use alteration, decrease water 

flow. Among the most relevant effects of flow decrease there is the loss of lateral and longitudinal 

connectivity, the reduction of the submerged portion of the riverbed and the increase of the riverbed 

sediments exposed to air (Stanley et al., 1997; Pekel et al., 2016; von Schiller et al., 2017). Under the 

more extreme conditions of water scarcity, typically occurring from late spring to summer, the 

contraction of the river flow can be followed by flow cessation with the fragmentation of the 

watercourse and the formation of isolated pools or the complete drying of the riverbed (Steward et 

al., 2012; von Schiller et al., 2015). Currently, more than half of the global river network length is 

represented by systems that cease to flow at some point in time and space (Acuña et al., 2014; Datry 

et al., 2014). In this context, an interesting case is represented by temperate streams of Northern Italy, 

which are currently facing a “Mediterraneization” process due not only to global change but also to 

increasing local anthropogenic pressures, e.g. intensification of water captations and land-use 

alteration. 

Flow contraction results in the formation of patches in space and time, characterized by changes 

of water velocity, light, temperature, quantity and quality of settling material, availability of 

allochthonous or autochthonous organic substrates, physical and chemical characteristics of water, 

diversity and abundance of aquatic biota (e.g. diatoms, macrophytes, macroinvertebrates and fish) 

and availability of colonizable surfaces by primary producers and benthic fauna (Dodds & Whiles, 

2010; Dodds et al., 2018). Such changes are in turn tightly linked to biogeochemical processes such 
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as carbon and nutrient processing (Arnell & Gosling, 2013; Datry et al., 2017a; Bernhardt et al., 2018; 

Tonkin et al., 2018) and therefore can influence the amount and timing of Si availability and 

downstream transport (Wagener et al., 1998; von Schiller et al., 2011; Bernal et al., 2013). In the 

latest years, the awareness of the importance of flow reduction on C, N and P availability and transport 

raised in the scientific community (von Schiller et al., 2011, 2015; Merbt et al., 2016; Datry et al., 

2018; Arce et al., 2019; Shumilova et al., 2019) and studies on sediment biogeochemistry under 

contraction and fragmentation phases and laboratory experiments on re-flooding processes have been 

encouraged (Skoulikidis et al., 2017; Arce et al., 2019). Accumulation and recycling of BSi pools are 

important factors that regulate DSi availability in aquatic environments, but controlling factors are 

still poorly understood. However, despite the increasing alteration of river hydrology and the 

widespread distribution of rivers that cease to flow, there are no studies that analyze how these 

conditions influence Si dynamics and its availability in relation to N and P in riverbed sediments. Si 

was studied only by Skoulikidis and coworkers (2017), who highlighted a Si, P and NO3
- reduction 

in water during the summer period and an increase during the first flood event. 

The amount and forms of dissolved inorganic nutrients accumulated in riverbeds are strongly 

influenced by the alternation of wet and dry phases, by the highly variable hydrological connections 

among subsystems within the river and between the river and the surrounding terrestrial environment 

(McClain et al., 2003; von Schiller et al., 2015; Boulton et al., 2017). Exposure to sunlight and intense 

desiccation alter the physico‐chemical properties of the accumulated organic matter while the 

progressive reduction of moisture content limits decomposition and nutrients mineralization rates 

(Tzoraki et al., 2007; Bernal et al., 2013; Merbt et al., 2016). Additionally, exposure to air induces 

cell lysis during drying and modifies sediment properties by increasing oxygen penetration which 

favors the oxidation of reduced ions determining a progressive increase in redox potential (De Groot 

& Van Wijck, 1993). 

Such extremely different conditions can modify the availability and mobility of inorganic Si, N 

and P by affecting the activity of microbial communities, by influencing sediment sorption properties, 

by exposing redox-sensitive metals to oxygen or by changing their mineral forms (Attygalla et al., 

2016; Lehtimäki et al., 2016; Merbt et al., 2016). For example, oxygen availability in sediment 

influences rates of microbial nitrification that oxidize ammonium to nitrate under oxic conditions and 

denitrification that reduces nitrate to N2 under anoxic conditions (Galloway et al., 2003; Burgin & 

Hamilton, 2007). High NO3
- concentrations in drying riverbeds (Tzoraki et al., 2007; Arce et al., 

2014; Merbt et al., 2016) are promoted by the increased nitrification and by low denitrification 

(Gómez et al., 2012; Merbt et al., 2016). P content and mobility within the sediments are also affected 

by the oxidation state and availability of Fe and Al (Attygalla et al., 2016; Siipola et al., 2016). 



66 

 

The sediment biogeochemistry of Si is poorly studied if compared to N and P, and with 

contrasting results. Studies on soils indicate that Si accumulates under climates in which a distinct 

dry season is recognized (Sommer et al., 2006) and Si leaching results low in Mediterranean and dry 

tropical climates (Cornelis et al., 2011). In addition, higher Si uptake results in both dry and humid 

temperate grasslands compare to other climates, as temperate forest ecosystem (Blecker et al., 2006). 

The assimilated Si is stored into primary producers as phytoliths, characterized by a greater 

dissolution than mineral weathering (Alexandre et al., 1997; Fraysse et al., 2006). In aquatic 

sediments anoxia has been shown to both increase (Hartikainen et al., 1996) or decrease the 

concentrations of the more mobile Si forms (Siipola et al., 2016). On the other hand, hypoxic and 

anoxic conditions seem to increase the dissolution of the accumulated BSi, causing an accelerated 

destruction of diatom frustules (Danielsson, 2014; Siipola et al., 2016) and increasing DSi 

availability. Beside oxygen, BSi dissolution is also influenced by its age, origin and physiological 

condition of the primary producers making difficult to predict its recycling in aquatic environments 

(Lehtimäki et al., 2016). Therefore, more studies are needed to unravel the behavior of Si and its 

availability in relation to N and P. 

The aim of this study was to quantify the concentration of Si in riverbed sediments and its 

stoichiometry relative to N and P under two contrasting hydrological phases and evaluate how their 

spatial and temporal variability relate with sediment drying and organic matter accumulation. In order 

to achieve these goals, Si, P and N pools were quantified and a rewetting experiment was conducted 

in submerged and exposed river sediments collected from three rivers at the beginning and at the end 

of the summer period. The overall hypothesis is that the concentration of the more mobile forms of 

inorganic Si, P and N, their relative amounts and the potential of nutrients release when water returns 

were different in relation to the severity of river flow contraction and fragmentation during the 

summer period. 

 

 

4.2. Materials and Methods 

 

4.2.1. Study Area 

The study was conducted in the piedmont section of three rivers – Trebbia, Taro and Enza – that 

drain the Apennine side of the Po river watershed in northern Italy (Figure 22). The Po river watershed 

belongs to a warm temperate climate according to Koppen climate classification with humid 

summers, but it is changing towards a temperate climate with hot, dry summers (Mediterranean 
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climate) (Rubel et al., 2017). For this reason, the three studied rivers experienced summer flow 

reduction and riverbed contraction and fragmentation in recent years (Figure 22, Table 10). 

 

 

  

Figure 22. Trebbia, Taro and Enza location in Po River watershed and sampling points (yellow dots) 

(Trebbia 0546848E, 4979431N; Taro 0592709E, 4954907N; Enza 0613369E, 4950323N. 

Coordinates reference system WGS84/UTM zone 32N). Example of hydrological phases: A) 

contraction phase; B) fragmentation phase with isolated pools formation. 

 

The Trebbia River originates from the Ligurian Apennines at about 800 m a.s.l. and its watershed 

covers 1.5% of the total area of the Po river basin (Figure 22, Table 11). The Trebbia hydrological 

regime is torrential with a median flow of 11 m3 s-1 (Table 10). The main channel in the piedmont 

section has a branched bed with an average width of the active floodplain in the sampling site of     

484 m. The riverbed is mainly composed of cobbles but with depositional silty and sandy areas. 

The watershed of the Taro River accounts for 2.9% of the total area of the Po river watershed 

(Table 11), with 77% of mountain areas. The course of the Taro river is characterized by a first stretch 

of fast waters flow due to the high slope, characterized by pebbles and debris transport and soil 

A B 
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erosion. In the piedmont section, the riverbed becomes more permeable with a branched bed, marked 

by a high width (500 – 600 m) and a modest incision of the banks (2.0 – 2.5 m). From 1992 to 2013, 

the median discharge was 16 m3 s-1, but during the summer the water flow was almost absent (Table 

10). The average width of riverbed in the sampling area is 462 m and is mainly composed of cobbles 

but with depositional silty and sandy areas. 

 

Table 10. Frequency distribution of Trebbia, Taro and Enza average daily discharges (m3 s-1) 

measured in the closing station of the watershed from 1992 to 2013 (Viaroli, 2017). 

 Trebbia Taro Enza 

Min 0 0 0 

25° quartile 4 4 0 

50° quartile 11 16 4 

75° quartile 25 35 13 

Max 624 1813 479 

 

The watershed of the Enza river accounts for 2.9% of the total area of the Po river watershed 

(Table 11), with 64% of mountain areas. The flow of the Enza River has a torrential regime with 

flood events in autumn and spring, low-flow in winter and is almost dry in summer. From 1992 to 

2013, the median flow rate was 4 m3 s-1 but the flow was zero for about 25% of the year (Table 10). 

The average width of the riverbed in the sampling area is 115 m and is mainly composed of cobbles 

but with depositional silty and sandy areas. 

 

Table 11. Trebbia, Taro and Enza morphometric and climatic characteristic (from Regional Agency 

for Environmental Protection of Emilia-Romagna Region (ARPAE): www.arpae.it) 

River 

Length 
 

(km) 

Watershed 
 

(km2) 

Rainfall 
 

(mm y-1) 

Winter-Summer 

Temperature 

(°C) 

Active 

floodplain 

(m) 

Trebbia 118 1.070 800 – 2000 3.8 – 23.4 484 

Taro 126 2.030 800 – 1000 3.7 – 23.3 462 

Enza 93 899 700 – 2000 3.5 – 23.5 115 

 

 

 

http://www.arpae.it/
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4.2.2. Monitoring Design and Sampling 

Each river was sampled on 17 May 2017 (spring) and 2 August 2017 (summer). At each sampling 

date surficial sediment samples (1 cm depth, 50*50 cm area) were collected in 5 different sites. At 

each site 3 samples were collected: one from the submerged portion of the riverbed; one at the 

interface between the active channel and the exposed sediment; and one from the dry and exposed 

portion of the riverbed. All samples were collected in an area extending 10 m outward from the middle 

of the active channel, for a total amount of 15 sediment samples each river and each sampling date 

(Figure 23) covering an area of 3.75 m2. Immediately after collection the sediment was homogenized 

and 50 ml transferred in polyethylene vials. Additionally, 2 liters of site water were collected using 

polyethylene bottles. Sediment and water samples were maintained under dark and refrigerated 

conditions in a cool box upon return to the laboratory. Once in the laboratory water samples were 

filtered (Wathman GF/F, Ø 47 mm, 0.7 µm) and analyzed within 24 hours to measure dissolved silica 

(DSi), ammonium (N-NH4
+), nitrate and nitrite (N-NOx) and soluble reactive phosphorus (SRP). 

Sediment samples were processed for sediment characterization and quantification of Si, N and P 

pools and for rewetting experiments. 

 

 

Figure 23. Example of distribution of sediment samplings in rivers on the main channel (on the left) 

and on isolated pool (on the right).  

 

4.2.3. Sediment Characterization 

5 ml of sediment were oven dried at 60 °C for 24h in order to determine moisture content, 

porosity, and density. Organic matter (OM) and BSi content were also determined on the oven dried 

sediment. 

2 ml of sediment were weighted and put in a Falcon vial (50 ml) for subsequent sequential 

extraction of nutrients following the SEDEX method (Ruttenberg, 1992; Ruban et al., 1999; Anderson 

& Delaney, 2000). Originally, the method was developed for the extraction of different species of P 
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with different mobility and is based on four sequential extractions which exploits the different 

reactivity of the P pool components in relation to different extracting solutions: P exchangeable or 

loosely adsorbed (P-exc), P bound to iron (P-Fe), P bound to authigenic calcium (P-auth) and P bound 

to detritus calcium (P-detr) (Table 12). In this work, the method was also used to extract Si with the 

main focus on the first two pools (exchangeable and iron bound) (Tallberg et al., 2009) and to extract 

the first pool of N (exchangeable) (Table 12). After extraction, samples were centrifuged for 13 

minutes at 3500 rpm and the P, N and Si were determined as SRP, N-NOx, N-NH4
+ and DSi. To 

correct for any extracting solution and filter interferences, calibration curves have been built using 

nutrient standard solutions specific for each extracting solution (Braga et al., 2014; Scibona et al., 

2015). 

 

Table 12. Pools, extraent solutions, time extractions and features of extracted pools used for 

sequential extraction procedure (SEDEX) (Ruttenberg, 1992; Ruban et al., 1999; Anderson & 

Delaney, 2000). 

Step Pool 
Extraent 

solution 

Time 

extraction 
Features of extracted pool 

1 

P-exc 

Si-exc 

N-NOx -exc 

N-NH4
+-exc 

MgCl2 

1M (pH=8) 
2h Weakly reactive P absorbed to particulate sediment. 

2 
P-Fe 

Si-Fe 

CBD* 

(pH=7) 
6h 

Iron, Mn e Al P bound. Pool sensitive to redox 

conditions. 

3 P-auth 

Acetate 

buffer 

1M (pH=4) 

2h 

Authigenic carbonate fluorapatite, biogenic apatite, 

calcium carbonate associated to P. Pool sensitive to 

pH conditions. 

4 P-detr 
HCl 

1N (pH=1) 
16h 

Detritic apatite. Almost non-reactive pool in 

environmental conditions. 

*CDB: 0.22M Sodium Citrate + 0.033M Sodium Dithionite + 1M Sodium Bicarbonate. 

Step 1 was obtained after two extractions of two hours each with 20 ml of MgCl2 1M at pH 8 and a 

rinsing phase with 20 ml of distilled water. Step 2 was obtained by extraction in succession with 10 

ml of CDB for 6 hours, 10 ml of MgCl2 1M for 2 hours and then rinsed with 20 ml of distilled water. 

Pool of step 3 was extracted with 20 ml of 1M acetate buffer (pH 4) for 2 hours and with 2 washes 

with 20 ml of MgCl2 1M and 20 ml distilled water. Finally, pool of step 4 was extracted with 20 ml 

of HCl 1N for 16 hours. 
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4.2.4. Rewetting simulation 

An aliquot of 4 ml of homogenized sediment was taken from each sampling point and transferred 

into 250 ml plastic bottle darkened with aluminum paper. Then 100 ml of filtered river water 

(Wathman GF/F, Ø 47 mm, 0.7 µm) were added. Bottles containing sediments and the filtered water 

were capped and shacked (100 rpm) at room temperature (20 °C) for 4 h. The selected duration 

reflects the time when most of the dissolved substances are leached and minimizes microbial 

modification of leachates upon rewetting (Blackwell et al., 2013; Shumilova et al., 2019). At the end 

of the extraction, samples were centrifuged (13 minutes at 3500 rpm) and then the supernatant was 

collected with plastic syringes and filtered through Whatman GF/F glass fiber filters. Samples were 

stored at 4 °C in polyethylene vials for DSi, N-NOx and N-NH4
+ determinations and in glass tubes 

for SRP determination. Samples were analyzed within 24 hours. 

The concentration of DSi, N-NH4
+, N-NOx, SRP in leachates were used to calculate the net 

released amounts per gram of dry substrate using the following formula (4): 

 

𝐶𝑥 =
𝐶𝑓−𝐶𝑖

𝐷𝑊
  (4) 

 

where, Cx is the concentration of the x chemical species (µg g-1
 DW), Cf is the final concentration 

of x (µg L-1), C0 is the initial concentration of x (µg L-1) and DW is the dry weight of the incubated 

sediment (g DW). A positive value of Cx indicates a net release of the target compound to the water 

column while a negative value indicates a net resorption of the target compound. The initial 

concentration corresponds to the concentration of stream water. 

 

4.2.5. Analytical Methods 

N-NH4
+ (Koroleff, 1970), N-NOx (APHA, 1998), SRP (Valderrama, 1981) and DSi (Golterman 

et al., 1978) were determined with standard spectrophotometric methods (Perkin Elmer, Lambda 35) 

in water, extraction solution and rewetting water. An analytical blank that underwent the same 

procedure as the samples, including filtration, was always analyzed to correct for sample 

contamination. 

Moisture, porosity and density were determined following Pansu & Gautheyrou (2007). Organic 

matter was determined as loss on ignition at 550 °C with a standard procedure (Azzoni et al., 2015). 

The total BSi content of sediments was analyzed following DeMaster (1981), by digesting 30 mg of 

dry sediment with 30 ml of 0.1 M Na2CO3 in polypropylene bottles for 5 h at 85 °C. Subsamples were 
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collected after 3, 4 and 5 h and analyzed using the molybdate blue spectrophotometric method 

(Golterman et al., 1978). Before the analysis, each sample (1 ml of extraction solution) was 

neutralized with 9 mL of HCl 0.021 M. To correct for the amount of Si resulting from mineral 

dissolution, the Si content of the subsamples was plotted against dissolution time. The y-axis intercept 

of the linear regression line represents the estimated BSi content. All BSi dissolved within the first 3 

hours. 

 

4.2.6. Statistical Analysis 

Data were analyzed with generalized least square (GLS) models, which were run with river 

(Trebbia, Taro, Enza) and season (Spring, Summer) as the main fixed factors and with moisture as 

covariate. To deal with observed heteroscedasticity, it was used the argument “weights” within the 

function gls, and the function varident to specify variance models. An a posteriori comparison of the 

means was performed using a post hoc Tukey test. Statistical analyses were run with the nmle 

(Pinheiro et al., 2016) and emmeans (Lenth et al., 2018) packages in R software v. 3.6.0 (The R Core 

Team, 2019). 

All results in text, figures and tables are presented as mean ± standard error. 

 

 

4.3. Results 

 

4.3.1. Hydrological Conditions, Nutrient Concentrations in Water Column and general 

Sediment Features 

Hydrological conditions were different between the two seasons in the three rivers in particular 

during summer. Annual discharge in 2017 ranged from 1.4 to 401 m3 s-1 in the Trebbia river with an 

average of 12.9 m3 s-1 (ARPAE). In spring, the discharge was similar to the annual average (15.6 m3 

s-1), while in summer it decreased to 1.9 m3 s-1. In the Taro river, the annual discharge in 2017 

comprised between 0.1 and 1280 m3 s-1 and the average was 17.3 m3 s-1 (ARPAE). In spring, the 

discharge was similar to the annual average (15.8 m3 s-1), while in summer it decreased drastically to 

0.2 m3 s-1. The Enza river had the lowest discharge with an annual average of 7.0 m3 s-1 in 2017, 

ranging between 0 and 248 m3 s-1 (ARPAE). The discharge was similar to the annual average in spring 

(5.9 m3 s-1), while in summer the flow resulted interrupted and only some sparse pools remained on 

the riverbed. 
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The Trebbia river active channel width resulted the highest and was on average 23 m, passing 

through 31 m in spring to 14 m in summer. The Taro river active channel width was on average          

18 m, passing from 23 in spring to 18 in summer forming many river branches. Finally, the Enza river 

active channel width resulted the lowest and was on average 8 m, decreasing from spring (10 m) to 

summer (5 m), in which isolated pools formed. 

On average, DSi concentration in water slightly increased from spring to summer (Table 13), 

with the exception of Trebbia river in which the concentration slightly decrease in summer.  

 

Table 13. Dissolved silica (DSi), dissolved inorganic nitrogen (DIN), nitrate (N-NOx), ammonium 

(N-NH4
+) and soluble reactive phosphorus (SRP) concentrations in water column and N:Si, P:Si and 

N:P molar ratio in spring and summer season for each river. Concentrations are reported as µg L-1, 

while stoichiometry ratio as mol:mol. Standard error are shown in parenthesis. 

  DSi DIN N-NOx N-NH4
+ SRP N:Si P:Si N:P 

Spring 

Trebbia 

2691 

(194) 

391 

(34) 

349 

(36) 

42 

(3) 

10.6 

(3.8) 

0.68 

(0.05) 

0.0051 

(0.0024) 

86 

(21) 

Taro 

2528 

(271) 

210 

(17) 

160 

(11) 

50 

(12) 

3.6 

(0.4) 

0.18 

(0.03) 

0.0016 

(0.0003) 

116 

(15) 

Enza 

2762 

(508) 

1815 

(8) 

1783 

(9) 

32 

(2) 

5.1 

(1.5) 

1.56 

(0.44) 

0.0014 

(0.0004) 

1159 

(116) 

Summer 

Trebbia 

2267 

(52) 

230 

(9) 

216 

(8) 

13 

(4) 

2.3 

(0.9) 

0.20 

(0.01) 

0.0009 

(0.0003) 

172 

(19) 

Taro 

2708 

(252) 

157 

(2) 

154 

(2) 

3 

(1) 

3.1 

(0.2) 

0.12 

(0.01) 

0.0011 

(0.0002) 

113 

(8) 

Enza 

3104 

(119) 

933 

(7) 

929 

(7) 

4 

(1) 

14.2 

(5.8) 

0.60 

(0.03) 

0.0050 

(0.0019) 

252 

(79) 

 

 

Conversely, on average, SRP, N-NOx and N-NH4
+ concentrations decreased from spring to 

summer (Table 13), with the exception of SRP in Enza river in which the concentration increase in 

summer. N-NOx concentrations contributed between 65 and 100% to the DIN. The average N:Si 
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molar ratio resulted 0.49 ± 0.13 and decreased from spring to summer in each river (Table 13). The 

average P:Si molar ratio (average value 0.0024 ± 0.0006) decreased in Trebbia river and increased in 

Enza river from spring to summer (Table 13). Conversely, N:P molar ratio was 323 ± 87 and changed 

from spring to summer: the ratio increased in Trebbia river and decreased in Enza river between 

seasons. 

 

4.3.2. Sediment Characterization and Nutrient Sequential Extraction 

Sediment moisture content varied substantially (0.1% – 90.7%) across samplings within the three 

rivers in the two seasons with an average value of 27%. 

Organic matter content (OM) in riverbed sediment was on average 2.8 ± 0.3%, but it evidenced 

a great variability ranging between 0.02% to 18.36% with both values measured in Trebbia river. 

Average OM increased from spring (1.2 ± 0.1%) to summer (4.3 ± 0.6%) and resulted on average 

higher in the Enza river (Figure 24). 

 

 

Figure 24. Sediment content of organic matter (OM) measured in the three rivers at the different 

seasons. Error bars represent standard error (n = 15). 

 

Moisture content is related with the organic matter content (Table 14) but the net effect depends 

on the river. In the Taro and Enza rivers sediment organic matter content decreased with sediment 

drying while in the Trebbia river OM content decreased with increasing sediment moisture.  

Average sedimentary TSi (biogenic silica + exchangeable silica + iron bound silica) 

concentration was 3780 ± 732 µg Si g-1
DW and resulted 4 times higher in summer                                  
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(6161 ± 1371 µg Si g-1
DW) compared to spring (1399 ± 171 µg Si g-1

DW). The three analyzed Si pools 

contributed differently to the total amount of Si in sediments: exchangeable silica contributed the    

1.3 ± 0.2%, iron bound silica contributed the 7.3 ± 1.2%, while biogenic silica represented the greatest 

Si fraction (91.4 ± 1.4%). 

 

Table 14. Summary of the results of two-way generalized least square (GLS) models of 

exchangeable silica (Si-exc), iron bound silica (Si-Fe), biogenic silica (BSi), exchangeable 

phosphorus (P-exc), iron bound phosphorus (P-Fe), authigenic calcium bound phosphorus (P-auth), 

detritic calcium bound phosphorus (P-detr), exchangeable nitrate and nitrite (N-NOx-exc) and 

exchangeable ammonium (N-NH4
+-exc) concentrations. Only significant p level (p <0.05) are 

reported. 

Source of Variation DF OM Si-exc Si-Fe BSi P-exc P-Fe P-auth P-detr N-NOx-exc N-NH4-exc 

Moisture 1 <0.01 <0.05 <0.001 <0.001 <0.001 <0.001 <0.001  <0.01 <0.001 

Season 1 <0.001 <0.001 <0.05 <0.05 <0.001 <0.001 <0.001 <0.05 <0.01 <0.001 

River 2 <0.01 0.09 <0.001  <0.01 <0.001 <0.001 <0.001 0.070 <0.01 

Season * River 2    <0.006 0.06 <0.01 <0.05    

Moisture * Season 1   0.06    <0.01    

Moisture*River 2 <0.05 <0.001 <0.001 0.08 <0.01 <0.001 <0.01 <0.01 <0.01 <0.001 

 

Exchangeable Si (Si-exc) concentration varied substantially (0 – 440 µg Si g-1
DW) across 

samplings within the three rivers in the two seasons. Si-exc concentration resulted 6.6 times higher 

in summer (51.3 ± 12.1 µg Si g-1
DW) compared to spring (7.7 ± 1.1 µg Si g-1

DW) (Table 14; Figure 26) 

and it resulted similar between rivers even if a tendency toward an increase from Trebbia to Enza 

(91.0 ± 32.6 µg Si g-1
DW) was observed in summer (Figure 26). Sediment moisture significantly affect 

Si-exc concentration (Figure 27), but the effect is different depending on river (Table 14). Si-exc 

concentration decreased with sediment drying in the Enza and partially in the Taro rivers while it 

increased in the Trebbia river (Figure 25). The relative importance of Si-exc slightly increased from 

spring (0.7 ± 0.1%) to summer (1.8 ± 0.4%). 

Iron bound silica (Si-Fe) concentration varied substantially (8 – 753 µg Si g-1
DW) across 

samplings within the three rivers in the two seasons. Average Si-Fe concentration increased from 

spring (56 ± 4 µg Si g-1
DW) to summer (139 ± 27 µg Si g-1

DW) (Table 14, Figure 26) and was highest 

in the Enza river and lowest in Trebbia river. Sediment moisture significantly influences Si-Fe 
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concentration (Figure 27), but the effect depends on river (Table 14). Si-Fe concentration decreased 

with sediment drying in Enza and Taro while it increased in Trebbia (Figure 25). 

 

Figure 25. Graphical summary of the effects of sediment moisture on sedimentary concentrations of 

exchangeable silica (Si-exc), iron bound silica (Si-Fe), exchangeable phosphorus (P-exc), iron bound 

phosphorus (P-Fe), authigenic calcium bound phosphorus (P-auth), detritic calcium bound 

phosphorus (P-detr), exchangeable nitrate and nitrite (N-NOx-exc) and exchangeable ammonium (N-

NH4
+-exc) in the three rivers. 
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Biogenic silica (BSi) was the most important Si pool (3652 ± 718 µg Si g-1
DW) but the 

concentrations varied substantially across samplings, ranging between 22 to 44568 µg Si g-1
DW. 

Average BSi concentration resulted similar in the three rivers and increased from                                   

1335 ± 168 µg Si g-1
DW in spring to 5971 ± 1347 µg Si g-1

DW in summer (Figure 26, Table 14). 

Sediment moisture is positive related to BSi concentration (Figure 27). 

 

 

Figure 26. Sediment concentrations of exchangeable silica (Si-exc), iron bound silica (Si-Fe) and 

biogenic silica (BSi) measured in the three rivers in the different seasons. Error bars represent 

standard error (n = 15). 

 

 
 

Figure 27. Concentrations of exchangeable silica (Si-exc), iron bound silica (Si-Fe) and biogenic 

silica (BSi) in riverbed sediments in relation to organic matter content in the three rivers. Dots are 

filled according to season and the size is proportional to moisture content. 

 

Average total inorganic phosphorus (TIP = exchangeable phosphorus + iron bound phosphorus 

+ authigenic calcium bound phosphorus + detritic calcium bound phosphorus) concentration was    

268 ± 10 µg P g-1
DW and resulted similar across rivers and seasons (data not shown). The four analyzed 
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P pools contributed differently to the sedimentary TIP: exchangeable phosphorus represented the 

lower pool (2.3 ± 0.4%), iron bound phosphorus and authigenic calcium bound phosphorus 

contributed respectively 3.8% (±0.4) and 4.6% (±0.5), while detritic calcium bound phosphorus was 

the most important pool (89.4 ± 1.2%). 

Average concentration of detritic calcium bound phosphorus (P-detr) resulted different between 

rivers (Table 14) being highest in Enza (283.8 ± 14.6 µg P g-1
DW) and lowest in Trebbia                   

(195.3 ± 12.4 µg P g-1
DW). On average P-detr concentration slightly decreased from spring             

(255.6 ± 11.3 µg P g-1
DW) to summer (219.4 ± 12 µg P g-1

DW) (Table 14, Figure 28). Sediment 

moisture did not influence the concentration of P-detr in Enza and Taro while a slight increase was 

observed in Trebbia in relation to sediment drying (Figure 25). 

Exchangeable phosphorus (P-exc) concentrations varied substantially (0.2 – 88.2 µg P g-1
DW) 

across samplings within the three rivers. Average P-exc concentration resulted 7 times higher in 

summer (11.5 ± 2.7 µg P g-1
DW) compared to spring (1.6 ± 0.2 µg P g-1

DW) (Table 14; Figure 28) and 

it increased from Trebbia (4.5 ± 1.7 µg P g-1
DW) to Enza (11.0 ± 3.7 µg P g-1

DW) (Figure 28). Sediment 

moisture affects P-exc concentration (Figure 29), but the effect depends on river (Table 14). P-exc 

concentration decreased with sediment drying in Enza and Taro but it increased in Trebbia (Figure 

25).  

Iron bound phosphorus (P-Fe) concentrations comprised between 1.4 to 56.4 µg P g-1
DW, with 

the lowest average concentration measured in Trebbia (6.5 ± 1.6 µg P g-1
DW) and the highest in Enza 

(17.1 ± 3.0 µg P g-1
DW). P-Fe increased significantly from 7 ± 1 µg P g-1

DW measured in spring to 

15.0 ± 2 µg P g-1
DW measured in summer (Table 14, Figure 28). P-Fe concentration were significantly 

influenced by moisture content but the effect depends on river (Table 14, Figure 29). P-Fe 

concentration decreased with sediment drying in Enza and Taro but it increased in Trebbia (Figure 

25). 

The concentration of authigenic calcium bound phosphorus (P-auth) ranged between 4                    

to 80 µg P g-1
DW. Average concentration significantly increased between spring (8 ± 1 µg P g-1

DW) to 

summer (18 ± 3 µg P g-1
DW) and resulted significantly higher in the Enza river (19 ± 4 µg P g-1

DW) 

(Figure 28). P-auth concentration were significantly influenced by moisture content but the effect 

depends on river and season (Table 14, Figure 29). P-auth concentration decreased with sediment 

drying and the effect resulted stronger in summer and in Enza and Taro rivers (Figure 25). 
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Figure 28. Sediment concentrations of exchangeable phosphorus (P-exc), iron bound phosphorus (P-

Fe), authigenic calcium bound phosphorus (P-auth) and detritic calcium bound phosphorus (P-detr) 

measured in the three rivers at the different seasons. Error bars represent standard error (n = 15). 

 

 

Figure 29. Concentrations of exchangeable phosphorus (P-exc), iron bound phosphorus (P-Fe) and 

authigenic phosphorus (P-auth) in riverbed sediments in relation to organic matter content in the 

three rivers. Dots are filled according to season and the size is proportional to moisture content. 

 

Average concentration of exchangeable dissolved inorganic nitrogen (DIN-exc = exchangeable 

ammonium + exchangeable nitrate) resulted 32 ± 6 µg N g-1
DW and was higher in summer                     
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(51 ± 12 µg N g-1
DW) than spring (14 ± 2 µg N g-1

DW). Exchangeable ammonium (N-NH4
+-exc) 

average concentration resulted significantly different between rivers being highest in the Enza river 

(36.4 ± 10.8 µg N g-1
DW) and lowest in the Trebbia River (9.6 ± 2.6 µg N g-1

DW) and increased from 

spring (8.3 ± 1.9 µg N g-1
DW) to summer (29.8 ± 7.4 µg N g-1

DW) (Table 14, Figure 30). N-NH4
+-exc 

concentration resulted significantly influenced by moisture content (Table 14, Figure 31) but the 

effect depend on river. N-NH4
+-exc concentration decreased with sediment drying in Enza and Taro 

rivers but it increased in Trebbia river (Figure 25). 

 

 

Figure 30. Sediment concentrations of exchangeable ammonium (N-NH4
+-exc) and exchangeable 

nitrate and nitrite (N-NOx-exc) measured in the three rivers at the different seasons. Error bars 

represent standard error (n = 15). 

 

  

Figure 31. Concentrations of exchangeable ammonium (N-NH4
+-exc) and nitrate (N-NOx-exc) in 

riverbed sediments in relation to organic matter content in the three rivers. Dots are filled according 

to season and the size is proportional to moisture content. 
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Exchangeable nitrate (N-NOx-exc) concentration varied substantially (0 – 144 µg N g-1
DW) across 

samplings within the three rivers. N-NOx-exc average concentration resulted different between rivers 

being highest in the Enza river (23.6 ± 6.7 µg N g-1
DW) and lowest in the Trebbia River                          

(8.1 ± 2.3 µg N g-1
DW) and increased from spring (5.8 ± 0.7 µg N g-1

DW) to summer                                

(21.1 ± 4.8 µg N g-1
DW) (Table 14, Figure 30). N-NOx-exc concentration resulted significantly 

influenced by moisture content (Table 14, Figure 31) but the effect depends on river. N-NOx-exc 

concentration decreased with sediment drying in Enza and Taro rivers but it increased in Trebbia river 

(Figure 25). 

 

4.3.3. Quantification of Nutrients Net Exchange during Sediment Resuspension 

Suspended and rewetted sediment on average released inorganic nutrients to water. The released 

amount was variable depending on the specific nutrient and was highest for DSi and lowest for SRP. 

Released DSi (DSi-rel) varied substantially across samplings within the three rivers in the two 

seasons. On average DSi was released from sediment to water column (38.4 ± 10.2 µg Si g-1
DW) and 

the release increased from 6.7 ± 1.4 µg Si g-1
DW in spring to 70.0 ± 19.3 µg Si g-1

DW in summer (Figure 

32) in particular in the Enza river where a summer average release of 159 ± 47 µg Si g-1
DW was 

measured. Sediment moisture was not related to DSi release (Table 15). 

 

Table 15. Summary of the results of two-way generalized least square (GLS) models of dissolved 

silica (DSi), soluble reactive phosphorus (SRP), nitrate and nitrite (N-NOx) and ammonium (N-NH4
+) 

concentrations measured after the rewetting simulation. Only significant p level (p <0.05) are 

reported. 

Source of Variation DF DSi-rel SRP-rel N-NOx-rel N-NH4-rel 

Moisture 1   <0.05 <0.05 

Season 1 <0.001 <0.001 <0.05 <0.05 

River 2    <0.01 

Season * River 2 <0.001   <0.05 

Moisture * Season 1    <0.05 

Moisture*River 2    <0.01 

 

 

Released SRP (SRP-rel) from suspended and rewetted sediment ranged from 0 to                          

40.4 µg P g-1
DW and increased from spring (0.4 ± 0.1 µg P g-1

DW) to summer (2.5 ± 1.0 µg P g-1
DW) 
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(Table 15, Figure 32). The greatest SRP release to water column occurred in Trebbia river in summer 

(11.4 ± 7.6 µg P g-1
DW) but the difference was not statistically significant (Table 15). 

Ammonium released (N-NH4
+-rel) from sediment (4.7 ± 0.7 µg N g-1

DW) resulted different 

between rivers but the magnitude of the difference depends on season (Table 15). On average the 

highest release was measured in the Enza river (8.2 ± 1.7 µg N g-1
DW) and the lowest in the Trebbia 

river (2.5 ± 0.7 µg N g-1
DW). Sediment moisture significantly influenced N-NH4

+-rel but the effect 

depends on river and season (Table 15). 

N-NOx released (N-NOx-rel) varied substantially across samplings within the three rivers in the 

two seasons with an average value of 4.4 ± 1.5 µg N g-1
DW. N-NOx-rel increased from spring              

(1.1 ± 0.6 µg N g-1
DW) to summer (7.6 ± 2.9 µg N g-1

DW) (Table 15, Figure 32). Sediment moisture 

influences N-NOx-rel with the release that increases as the sediment became drier. 

 

 

Figure 32. Sediment concentrations of dissolved silica (DSi), soluble reactive phosphorus (SRP), 

nitrate and nitrite (N-NOx) and ammonium (N-NH4
+) measured after the rewetting simulation in the 

three rivers water at the different seasons. Error bars represent standard error (n = 15). 
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4.4. Discussion 

In this work spatial and temporal variation of Si, P and N concentrations in surficial riverbed 

sediments was analyzed in relation to different degrees of drying in three rivers characterized by a 

different hydrology. These are understudied but important issues in inland waters as they can provide 

new insights on the effect of river fragmentation and drying on benthic Si cycling and its relation to 

N and P. Flow reduction is in fact an increasing phenomenon worldwide and rivers that cease to flow 

are estimated to comprise at least half of the global fluvial network (Skoulikidis et al., 2017; 

Shumilova et al., 2019). 

The results highlight a strong variability in nutrient concentrations and suggest that summer flow 

contraction and sediment drying can be key determinants of benthic biogeochemistry in the studied 

rivers. Si concentrations rose from spring to summer, but the magnitude of the increase depends on 

the Si pool and on the river and was most accentuated in sediments characterized by high moisture. 

Labile P and N concentrations followed a similar pattern but the degree of change was different 

compared to Si determining a higher accumulation of labile inorganic P and N relative to Si. A 

fraction of the accumulated nutrients is released to the water column as water returns and sediments 

are suspended. However, the amount of released nutrients does not correspond to the relative 

availability of the more mobile accumulated fractions. 

 

4.4.1. Silica Content in River Sediment and Si:N:P Stoichiometry in Relation to the Degree 

of Flow Contraction and Sediment Drying 

The BSi content in the sediment of the studied rivers (0.02 – 44 mg Si g-1
DW) is comparable to 

values (1 – 50 mg Si g-1
DW) detected in soils (Struyf et al., 2009; Clymans et al., 2011) but falls in the 

lower range of values (0.5 – 800 mg Si g-1
DW) measured in freshwater environments (Carter & 

Colman, 1994; Struyf et al., 2007; Carey & Fulweiler, 2013a; Zhu et al., 2016). The highest 

concentrations measured in freshwater environments were found in deep sediments of lakes where 

the organic matter input is dominated by settling phytoplankton mainly composed by siliceous algae 

(Salmaso et al., 2018). On the contrary, shallow aquatic environments like wetlands and estuaries 

result more similar to river sediments. Few works have quantified the concentration of inorganic 

labile Si pools (Si-exc and Si-Fe fractions) that are the most mobile and reactive, using a comparable 

method. The Si-exc content of sediments measured in this study (0 – 0.44 mg Si g-1
DW) is comparable 

but falls in the lower range of values (0 – 1.9 mg Si g-1
DW) detected in estuarine and coastal sediments 

(Tallberg et al., 2009; Lehtimäki et al., 2013; Siipola et al., 2016) and in soils (0 – 3.8 mg Si g-1
DW) 

(Georgiadis et al., 2013). The Si-Fe concentration measured in this study (0.01 – 0.75 mg Si g-1
DW) 
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falls in the upper range of values (0 – 0.4 mg Si g-1
DW) detected in coastal sediments (Tallberg et al., 

2009; Siipola et al., 2016) but in the lower range of values (0.9 – 1.3 mg Si g-1
DW) detected in soils 

(Georgiadis et al., 2013). 

All the three different Si fractions accumulate in the sediment of the investigated rivers during 

the summer season. Such changes can be the consequence of DSi uptake and storage in primary 

producer biomass as BSi, followed by its partial dissolution. River substrates are mainly colonized 

by diatoms and filamentous algae, for the most part belonging to the genus Cladophora that are able 

to accumulate Si as already observed in the littoral zone of Lake Iseo (Malkin et al., 2009, see Chapter 

3). Therefore, the growth of primary producers can account for Si assimilation, explaining the spring 

to summer BSi accumulation in sediments. The highest and more variable concentrations of Si-exc 

and Si-Fe measured in the submerged sediments and the fact that driest sediment maintains a 

relatively constant Si concentration indicate that sediment exposure to air and subsequent drying 

interfere with Si biogeochemistry. Such effect can be explained considering how flow contraction 

influences primary production and decomposition rates of the accumulated organic matter. 

Flow regime regulates both the river metabolism rates and the biomass of primary producer 

communities (Bernhardt et al., 2018). During flow contraction, reduction of water velocity and depth 

coupled with an increase of light conditions stimulate primary production of epilithic micro and 

macroalgae (Harvey et al., 2003; Uehlinger, 2006; Roberts et al., 2007; von Schiller et al., 2017; 

Ulseth et al., 2018), particularly in isolated pools (Acuña et al., 2005). Unlike mountain streams where 

the contribution of allochthonous material is supposed to represent a high percentage of the organic 

input (von Schiller et al., 2015), the contribution of allochthonous material is likely low in the studied 

rivers as they are characterized by a low development of riparian vegetation compared to riverbed 

width. Therefore, the net accumulation of organic matter content measured in the sediment and the 

fact that OM concentration was on average higher in Enza river and lowest in Trebbia river support 

the hypothesis of increased autochthonous production in pools of fragmented rivers. In the three rivers 

analyzed, characterized by a different extent of flow reduction, organic matter content can result 

patchy distributed in exposed sediments depending on the river productivity, the timing and the 

degree of exposure. It can be hypothesized that the accumulation of organic matter in exposed 

sediment is lower in river as Taro and Enza - where flow fragmentation occurs early in summer and 

water flow shrink faster - compared to river as Trebbia - where the water flow gradually decreases 

leading to an accumulation of primary producers on riverbed. At the same time, temporary pools can 

represent hot spots of organic matter accretion, as observed in the Enza river. 

The recycling of DSi from BSi depends on dissolution rates of BSi and on the activity of the 

microbial community (Alfredsson et al., 2016; Lehtimäki et al., 2016), which are strongly influenced 



85 

 

by local environmental variables such as, temperature, pH, oxygen concentration, moisture and 

organic matter content that fuel microbial metabolism (Baldwin & Mitchell, 2000; Lake, 2003; 

Catalán et al., 2013; Abril et al., 2016). The higher labile Si concentrations measured in submerged 

sediments during summer can be therefore a consequence of the high mineralization rates, promoted 

by microbial activity. On the other hand, sediment exposure limits the decomposition of previously 

accumulated organic matter (Tzoraki et al., 2007; Bernal et al., 2013; Merbt et al., 2016; Arce et al., 

2018). As such, under dry condition the accumulation of labile silica pools is limited likely because 

of low decomposition and low BSi dissolution rates. 

The concentration of labile P and N pools changed in the investigated sediments following a 

pattern similar to Si and, similarly to Si, their general behavior can be mainly explained by 

accumulation in primary producer biomass, its subsequent decomposition and mineralization, and 

recycling of the resulting inorganic fraction. However, the degree of change was different compared 

to Si determining a relatively higher accumulation of labile inorganic P and N which is evident 

considering either the total labile pools or only the exchangeable pools (Figure 33).  

 

 

Figure 33. P:Si, N:Si and N:P molar ratios of exchangeable pools (upper panel) and labile inorganic 

pools (resulted by the sum of exchangeable and iron bound pool, lower panel) in superficial sediment 

in relation to organic matter (color scale, OM %) and humidity content (dots size, moisture %) in the 

three sampling sites. 
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The Si:N:P stoichiometry highlighted how the Si resulted always in low concentration when 

compared to N and P. Considering the more labile fractions, P-exc:Si-exc ratio increased from spring 

(0.05) to summer (0.10) while N-exc:Si-exc ratios decreased from 3.7 to 2.0 in the same period. The 

observed imbalance of labile Si relative to labile P and N concentrations can be the consequence of a 

slower dissolution of BSi compared to mineralization of organic nitrogen and phosphorus, to a lower 

mobility of labile P and N forms, or to a preferential accumulation of P and N in the biomass of 

benthic primary producers. 

 

4.4.2. Silica, Nitrogen and Phosphorus Release after Sediment Resuspension and Rewetting 

This experiment was intended to evaluate nutrient dynamics associated with sediment rewetting 

and resuspension due to hydrological expansion or reconnection after the dry period. Under these 

circumstances the lateral and longitudinal hydrological connection of rivers is re-established, exposed 

sediments are flooded and the sediment, both exposed and submerged, can be suspended and 

transported downstream depending on water speed. Previous studies demonstrate that rewetting of 

dry sediments during the so‐called “first flush events” leads to massive pulsed releases of dissolved 

nutrients (Skoulikidis et al., 2017) originating from the emergent and riparian area through the 

leaching from accumulated debris (Ylla et al., 2010), from cells lysis in exposed sediment (Schimel 

et al., 2007) and through the dissolution of salts from the sediment (Baldwin & Mitchell, 2000). 

The results of this experiment confirm previous findings evidencing that suspended and rewetted 

sediments are, on average, a source of dissolved inorganic nutrients to the water column (Skoulikidis 

et al., 2017; Shumilova et al., 2019). The highest release of nutrients occurred in summer in 

association with high OM content is in agreement with previous studies that shows a higher release 

of N and P from organic material compared to sediment (Shumilova et al., 2019). Conversely, 

sediment drying does not influences DSi release while the effect on SRP release is not clear. Oxic 

conditions may favor P precipitation due to complex formation with Fe and Al oxides and hydroxides, 

while reducing conditions in submerged sediments would favor its mobility and accumulation in pore 

water. However, there are contrasting results on sediment P dynamics in relation to the effect of 

drying, with some studies reporting an increase of P mobile forms in dry sediments compared to 

submerged sediment (Gilbert et al., 2014; Dieter et al., 2015; Attygalla et al., 2016), and others 

reporting an increase of more stable forms (De Groot & Van Wijck, 1993; de Vicente et al., 2010). 

The results of this study are not able to demonstrate any effect of exposure to air and drying of 

sediment on P mobility, because only a slightly higher release of SRP was found in sediments exposed 

to air but it was localized in sediments of the Trebbia river which are also characterized by high OM 

content. It can be hypothesized that the P mobility and the amount of P that is released to the water 
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column are not only a function of sediment exposure but also depends on the organic matter quantity 

and quality. Conversely, both N-NOx and N-NH4
+ release is influenced by moisture, but sediment 

drying has an opposite effect on the two ions. While accumulation of N-NOx in dry riverbeds is 

promoted by aerobic conditions that favor nitrification over denitrification, accumulation of N-NH4
+ 

is promoted under humid and submerged conditions where the microbial activity that mineralizes the 

organic substance favor the production and subsequent release of N-NH4
+ from sediments and the 

consumption of N-NOx under anaerobic conditions, which also contrasts nitrification (von Schiller et 

al., 2015; Merbt et al., 2016; Arce et al., 2018). 

The released amount was variable depending on the specific nutrient and, even though labile P 

and labile N concentrations in sediment resulted in excess compared to labile Si, DSi release to water 

resulted in excess compared to both SRP (P:Si <0.025) and DIN (N:Si <0.4) (Figure 34). Similar 

results were observed following DSi, SRP and DIN concentrations in the water column of an 

intermittent river immediately after flow resumption (Skoulikidis et al., 2017). Therefore, despite a 

higher accumulation of labile P and N in sediments, these results suggest that the Si fraction is more 

mobile compared to the other two nutrients, probably due to the high mineralization of BSi under 

hypoxic conditions (Lehtimäki et al., 2016) and the higher accumulation of BSi pool (Figure 26, 

Figure 27) in comparison to N and P labile pools. 

 

 

Figure 34. Si:P (a) and Si:N (b) molar ratios (in µmol g-1
DW) of released nutrient in superficial 

sediment in relation to organic matter (color scale, OM %) and humidity content (dots size, moisture 

%) in the three sampling sites during rewetting simulation. 
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4.5. Conclusions 

The results of this study evidence that from a biogeochemical point of view, flow contraction 

and sediment drying are key determinants of Si benthic biogeochemistry as already observed for N 

and P. 

Si concentrations increase during summer, but the magnitude of the increase depends on the 

hydrological condition of the river and is almost restricted to submerged riverbeds. As such, sediment 

exposure to air and subsequent drying interfere with Si biogeochemistry and dry sediment maintains 

a relatively constant Si concentration. Sediment resuspension following hydrological expansion or 

reconnection after the dry period has the potential to determine an immediate release to the water of 

a fraction of the accumulated Si. 

Labile P and N concentrations follow a similar pattern to that of Si but the degree of change is 

different determining a higher accumulation of labile inorganic P and N relative to Si in the sediment. 

However, the ratio of released nutrients does not correspond to the ratio in sediments suggesting that 

the Si fraction is more mobile compared to N and P.  

Si cycle is nowadays poorly explored and river intermittency is a recent field of study in 

environmental sciences. Future perspectives on this subject could involve laboratory experiments in 

order to explore which environmental variable mostly influence Si release under contraction and 

fragmentation condition of riverbed, i.e. pH, temperature, light and air exposure. In addition, the 

regeneration of Si and dissolution of solid phases during the re-flooding processes will have to be 

properly follow under the different flow conditions with field samplings. 
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General conclusions 

The aim of this thesis was to analyze how Si, N and P are processed in the hydrographic network 

under a climate change scenario and altered anthropogenic pressures. Specifically, transformations 

and accumulation, and downstream transport of these elements were analyzed in relation to 

hydrological discontinuities in rivers either due to the presence of natural lakes or depending on the 

flow alteration, i.e. hydrological intermittency. 

Although the biogeochemistry of N and P have been extensively studied, there are still many 

aspects of the Si cycle which are insufficiently known. This is especially true for the interactions 

between the chemical and biological cycles of Si and processes of the Si cycle at the water sediment 

interface. At the same time, the knowledge of factors regulating Si biogeochemistry requires a 

comparison with the dynamics of other nutrients, as the ecosystem functioning depends on multiple 

element processes and stoichiometry. 

More specifically three main questions were addressed related to the Si cycle: 

a) River discontinuities due to natural lakes. Emphasis was put on how and to which extent 

a meromictic deep lake can act as a Si filter in the hydrographic network. In particular, Si 

retention and pathways were compared with those of N and P; 

b) Which is the role of different primary producer communities in Si accumulation and 

recycling the littoral zone of a lake; 

c) How the flow decrease influences Si, P and N concentration and mobilization in river 

sediments during the summer dry period. 

The overarching hypotheses were that alteration of the hydrological characteristics of a given 

aquatic ecosystem, in terms of either reduced frequency of water mixing in lakes or water flow 

changes in rivers can deeply modify Si retention and fluxes, and that both benthic and planktonic 

primary producers can play an important role as Si filters and temporary sinks. Additionally, because 

of the differences between the biogeochemistry of Si compared to that of N and P, one also expected 

that these hydrological factors can also modify the stoichiometry of the three elements. 

In the Oglio river-Lake Iseo hydrographic system, the lake is a biogeochemical reactor which 

retains and accumulates more Si (75%) and P (79%) than N (45%). As such, outflowing compared to 

inflowing waters are more enriched in N than Si and P. In Lake Iseo, meromixis exacerbates Si and 

P retention as the cycles of these two elements are mainly regulated by sedimentation of the 

particulate forms. The sedimented Si and P are either buried in the sediment or recycled through the 

water column as dissolved forms. The persistent stratification that characterize the meromixis keeps 

the recycled nutrients in the monimolimnion, making them unavailable to the photic zone while the 

stratification persists, i.e. for decades. 
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The littoral zone of lake Iseo also plays a potentially important role as regulator of DSi, SRP and 

DIN availability in the water column, but this function is strictly dependent on the structure and 

activity of the primary producer community. Macro- and microalgae communities on rocky substrates 

behave as a DSi sink and are a source of inorganic nitrogen and phosphorus to the water column. By 

contrast, littoral sediments colonized by submerged aquatic vegetation and microphytobenthos 

behave as a DSi source for the water column and as a sink for inorganic nitrogen and phosphorus. 

Specifically, the rooted vegetation can extract DSi from pore water, transferring it in the water column 

in particulate form, as phytoliths, which are easily decomposable. This pathway can be a relevant DSi 

source, compensating for possible Si losses due to sedimentation and segregation in the deeper water 

mass. This is a key issue for oligomictic and, especially, meromictic lakes, that however depends on 

the health status of the community. This aspect should not be ignored when considering the 

anthropogenic impact from watersheds and lake surroundings and should be further analyzed. 

Hydrological changes in rivers flow, during summer water shortage and autumn resumption 

influence the Si accumulation in sediments. In particular, from a biogeochemical point of view, flow 

contraction and sediment drying are key determinants of Si benthic biogeochemistry as already 

observed for N and P. Si concentrations increase during summer, but the magnitude of the increase 

depends on the hydrological condition of the river and is almost restricted to submerged riverbeds. 

As such, sediment exposure to air and subsequent drying interfere with Si biogeochemistry and dry 

sediment maintains a relatively constant Si concentration. Labile P and N concentrations followed a 

similar pattern to that of Si, but the degree of change is different determining a higher accumulation 

of labile inorganic P and N relative to Si in the sediment. Hydrological expansion or reconnection 

phase, through sediment rewetting and resuspension, have the potential to release to the water a 

fraction of the Si accumulated during dry period and the ratio of released nutrients suggests that the 

Si fraction is more mobile compared to N and P. 

In summary, the results of this research highlights that both lentic and lotic ecosystems are not 

only links that connect terrestrial and marine ecosystems acting as pipes, but they behave as 

biogeochemical regulators of Si delivery, thus modifying also its stoichiometry relative to N and P.  

Hydrology appears to be an important factor regulating this function by directly influencing transport 

processes and by indirectly shaping the activity of primary producers and microbial communities, 

and the chemical and physical characteristics of the environment where primary production, 

decomposition and ultimately mineralization take place. 

Finally, the role of Si and its stoichiometry relative to N and P in regulating both growth and 

phenology of freshwater and marine algae and phanerogams may shape the ecosystem responses to 

both global and local pressures, which are still poorly understood. 
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Among other factors, one has to underline that in most of the deep perialpine lakes the full 

overturn is becoming less frequent (Salmaso et al., 2018). Moreover, many holo-oligomictic lakes 

are shifting towards a pronounced oligomixis and are close to turn meromictic (Zadereev et al., 2017). 

In such scenario, the hydrographic system of the main rivers in the alpine margin, will suffer for a 

nutrient filtration by deep lakes, which would enhance the ratio of DIN to both Si and P. This is a key 

point, nitrogen, especially nitrate, being a critical nutrient for the Po plain and similar watersheds. 

Recent studies, strongly demonstrate that in southern Europe, Mediterranean conditions are 

expanding northwards. In other words, rivers are suffering for a relevant flow reduction, especially 

in summer, as well as streams are exposed to very long phases of very low to null flow (Larned et al., 

2010; Datry et al., 2014). This is a key point for ecosystem processes, e.g. due to changes of either 

the upstream-downstream continuity or the more or less regular flow pulses, which are underpinning 

the river metabolism. Especially in the Po river area, where water contamination by nutrients and 

frequent outbreaks in the adjacent marine zone occur, there is the need of studies on nutrient cycling 

in rivers experiencing more and more riverbed contraction and fragmentation. This could shed more 

light on the complex interactions between water quality and land and water uses, in a climate change 

context. 
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